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ABSTRACT 

 

 
MULTI-DECADAL IMPACTS OF HIGH-SEVERITY WILDFIRE ON  

ECOSYSTEM NITROGEN CYCLING 

 
 

 Wildfires modify the amount, form, and distribution of nitrogen (N) throughout an 

ecosystem. Though N stocks are lost during the combustion of vegetation and surface organic 

matter, there is often a subsequent increase in inorganic N delivery to streams that provide drinking 

water to the Western US. This can make streams and reservoirs more susceptible to eutrophication 

and algal blooms, threatening the delivery of clean drinking water. While many post-fire studies 

have documented short-term (<5 years) increases in soil and stream inorganic N, long-term 

monitoring after the Hayman fire has revealed that increases in stream N can persist for decades. 

This dissertation investigates the long-term controls of elevated post-fire N across spatial scales. 

 Chapter 2 describes the stream biotic response to the Hayman and High Park fires that 

burned along the Colorado Front Range. I evaluated stream water chemistry, algal nutrient 

limitation, benthic biomass, and stream metabolism along stream reaches within three burned and 

three unburned watersheds. Although the two high-severity wildfires occurred five and 15 years 

prior to the study, the streams draining burned watersheds still had 23-times higher nitrate (NO3
-) 

concentrations than unburned watersheds, a trend that is consistent across seasons and throughout 

the 15-year post-fire record. Autotrophic N-limitation was reduced in these nitrate-rich burned 

streams. Consequently, autotrophic biomass and primary productivity were 2.5 and 20-times 

greater, respectively, in burned relative to unburned streams which indicates post-fire increases in 

stream N demand. However, the continued export of N out of these burned streams suggests that 
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terrestrial N supply exceeds in-stream N demand. This suggests that streams have a limited 

capacity to attenuate N exports from burned watersheds.  

 It was unclear if terrestrial N delivery to streams was driven by long-term elevated soil 

inorganic N supply (i.e., pools and net transformation rates) or depressed post-fire vegetation 

recovery and plant nutrient demand. I address this knowledge gap in chapter 3, by measuring 

inorganic N in surface mineral soils (0-15 cm), soil leachate (30 cm), and shallow groundwater 

(40-100 cm) in unburned watersheds dominated by ponderosa pine (Pinus ponderosa) and shrub-

dominated watersheds that burned 17 years prior in the 2002 Hayman fire. Wildfire caused large 

C and N losses from soil O horizon during combustion (~1,500 and 50 g /m2 of C and N, 

respectively). However, total C and N stocks, soil-extractable inorganic N, plant-available 

inorganic N, and net N transformation rates (i.e., nitrification, and N mineralization) differed little 

between burned and unburned mineral soils. This indicates that there were no long-term post-fire 

increases in soil N supply. In contrast to the near surface patterns, NO3
- concentrations were four- 

and ten-times higher, respectively in shallow groundwater and streams of burned watersheds. Tree 

regeneration has been slower than expected following the Hayman and other fires in the western 

US and these biogeochemical patterns suggest that low plant N demand may prolong the impacts 

of wildfires on stream nutrients where more extreme fire behavior and climatic conditions inhibit 

vegetation recovery.    

 Finally, in chapter 4, I investigated the landscape and stream network drivers of persistent 

elevated stream NO3
- in nine watersheds that were burned to varying degrees by the Hayman fire. 

I evaluated the ability of multiple linear regression and spatial stream network modeling 

approaches to predict observed concentrations of the biologically active solute NO3
- compared to 

the conservative solute sodium (Na+). No landscape variables were strong predictors of stream 
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Na+. Rather, stream Na+ variability was largely attributed to flow-connected spatial 

autocorrelation, indicating that downstream hydrologic transport was the primary driver of 

spatially distributed Na+ concentrations. In contrast, vegetation cover, measured as mean 

normalized differenced water index (NDMI) was the strongest predictor of spatially distributed 

stream NO3
- concentrations. Furthermore, stream NO3

- had weak flow-connected spatial 

autocorrelation and exhibited high spatial variability. This pattern is likely the result of spatially 

heterogeneous wildfire behavior that leaves intact forest patches interspersed with high burn 

severity patches that are dominated by shrubs and grasses. Post-fire vegetation also interacts with 

watershed structure to influence stream NO3
- patterns. For example, severely burned convergent 

hillslopes in headwaters positions were associated with the highest stream NO3
- concentrations 

due to the high proportional influence of hillslope water in these locations. 

 My findings help characterize the potential magnitude, duration, and location of water 

quality concerns following fire. Slow forest recovery in large, high severity burn patches will likely 

sustain post-fire N export by limiting vegetation N uptake. As regeneration failures become more 

common with increasing fire severity and climate aridity, ecosystems will be more susceptible to 

sustained NO3
- losses. If reforestation is desired, targeted plantings in riparian corridors, severely 

burned convergent hillslopes, and headwater positions will likely have the largest impact on stream 

NO3
- concentrations.  
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1. Introduction 

1.1 Fire in the Western US 

 Wildfire is a natural ecological force that shapes forests across the Western US (Whitlock 

et al., 2003). However, the size and severity of wildfire have been increasing across the Western 

US since the mid-1980s and are projected to continue increasing (Parks & Abatzoglou, 2020; 

Westerling, 2016; Williams & Abatzoglou, 2016). This is due to compounding human stressors 

(i.e., human ignitions, development, fire suppression, Higuera & Abatzoglou, 2021) and increasing 

atmospheric and fuel aridity (Abatzoglou & Williams, 2016; Williams et al., 2019).  

 There have been significant declines in post-fire tree regeneration, particularly in dry 

conifer forests, due to changing climate and fire activity (Chambers et al., 2016; Rother & Veblen, 

2016; Stevens-Rumann et al., 2018). For example, increasing climate water deficits have created 

unfavorable post-fire growing conditions and reduced seedling recruitment in the 21st century 

(Coop et al., 2020; Stevens-Rumann et al., 2018). Furthermore, large, severe wildfires can limit 

post-fire recruitment by extending the distance to seed sources beyond a viable range (>50 m) 

(Chambers et al., 2016; Rother & Veblen, 2016). This trend is only expected to worsen as the 

occurrence of high severity fire increases across the Western US (Parks & Abatzoglou, 2020). 

 Observed declines in post-fire tree regeneration have stimulated conversions to non-forest 

vegetation types (Coop et al., 2020; Tepley et al., 2017; Walker et al., 2018). These conversions 

have been spatially extensive and temporally enduring (Coop et al., 2020) and typically favor 

grassland and weedy, herbaceous vegetation types (Walker et al., 2018). There is already evidence 

of this in Colorado’s dry conifer forests where large high severity patches exhibited no post-fire 

regeneration 10 or more years post-fire (Chambers et al., 2016; Rother & Veblen, 2016) and 

instead are now dominated by re-sprouting native forbs, graminoids, and woody plants (Fornwalt 
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& Kaufmann, 2014). This fundamental change in forest composition will undoubtedly influence 

ecosystem recovery after fire. 

1.2 Nitrogen as an indicator of ecosystem function 

 Nitrogen (N) is an essential element that frequently limits plant production (Schlesinger & 

Bernhardt, 2013). In low N systems, most N is stored in organic forms whereas inorganic forms, 

such as ammonium (NH4
+) and nitrate (NO3

-), dominate as N availability increases (Chapin et al., 

2011). Inorganic N is bio-available and sources include atmospheric deposition, nitrogen fixation, 

and organic matter decomposition. However, N generally operates in a closed cycle where internal 

cycling is 10-20 times greater than external inputs (Schlesinger & Bernhardt, 2013). Inorganic N 

can be lost through plant and microbial assimilation, denitrification, and leaching. 

 N is a sensitive indicator of ecosystem function (Chapin et al., 2011; Vitousek et al., 1979; 

Vitousek & Melillo, 1979). In undisturbed forests, N losses are generally small because N is 

retained so effectively in internal cycling (Binkley & Fisher, 2013). However, N losses are 

common following forest disturbances such as clear cutting, insect infestation, ice and wind 

storms, and wildfire (Bernhardt et al., 2003; Hall, 2003; Vitousek & Reiners, 1975). While post-

disturbance N levels are generally not directly harmful to human health (Smith et al., 2011), excess 

N can increase the risk of eutrophication and harmful algal blooms (Dodds & Smith, 2016; Emelko 

et al., 2016; Smith et al., 2011) and the formation of potentially toxic disinfection by-products 

(Emelko et al., 2011). 

1.3 Nitrogen response to fire 

 Fire can have profound impacts on the amount, form, and distribution of N in soils and 

streams (Certini, 2005; Wan et al., 2001). Initially, organic N stocks are lost from the combustion 
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of O horizon (i.e., forest floor) (Johnson et al., 2005; Murphy et al., 2006) and sometimes upper 

mineral soils during high severity fire (Bormann et al., 2008). This pyrolysis of organic material 

causes an immediate, but temporary (<1 year post-fire) pulse of NH4
+ which stimulates 

nitrification and causes a delayed pulse of NO3
- (Covington & Sackett, 1992). Soil inorganic N 

concentrations often return to pre-fire levels relatively quickly (i.e., <5 years) (Covington et al., 

1991; Covington & Sackett, 1992; Grogan et al., 2000; Turner et al., 2007). However, N recovery 

depends on post-fire plant and microbial demand (Kaye & Hart, 1997; Rastetter et al., 2021; 

Smithwick et al., 2009) and high severity fires that trigger vegetation conversion have been shown 

to increase NO3
- production for several decades (Kurth et al., 2014).  

 Mineral N that is not taken up by plants or microbes is typically leached from soils to 

streams in the mobile, dissolved form, NO3
- (Turner et al., 2007) or eroded as N-rich soil and ash  

(Grogan et al., 2000; Lane et al., 2008; Pierson et al., 2019). This often causes stream N 

concentration in increase after fire (Smith et al., 2011). While particle-associated fractions 

dominate N exports immediately post-fire, these contributions decline sharply within 2 years post-

fire due to reduced sediment delivery (Lane et al., 2008). However dissolved NO3
- has the slowest 

recovery, likely due to elevated nitrification and persistent leaching (Lane et al., 2008; Rhoades, 

Chow, et al., 2019). Elevated post-fire stream NO3
- has been documented after wildfires across the 

Western US (Rust et al., 2018; Smith et al., 2011) and can persist for decades following fire 

(Rhoades, Chow, et al., 2019). Stream NO3
- concentrations have been shown to increase with burn 

extent, severity, and riparian vegetation exposure, but decrease with post-fire vegetation cover 

(Rhoades et al., 2011a; Rhoades, Chow, et al., 2019; Riggan et al., 1994; Rust et al., 2019; Stephan 

et al., 2012) suggesting that fire-impacts on vegetation may be a dominant control on stream NO3
- 

recovery. Because forest recovery is the primary mechanism for terrestrial N retention (Dunnette 
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et al., 2014; Vitousek et al., 1979), long-term conversion from forest to non-forest can 

fundamentally alter terrestrial N losses to streams for decades.  

1.4 Knowledge gaps and research goals  

 The increasing size and severity of wildfire necessitates evaluation of fire effects at various 

temporal and spatial scales (Rhoades, Nunes, et al., 2019). Most scientific investigation has 

focused on short-term (1-5 years) changes in soil or stream N availability, but relatively little is 

known about long-term (>10 years post-fire) effects of wildfire and what processes regulate long-

term recovery (Rhoades, Nunes, et al., 2019; Smithwick et al., 2005). This knowledge gap is 

particularly important to address as more frequent severe wildfires (Parks & Abatzoglou, 2020; 

Westerling, 2016; Williams & Abatzoglou, 2016) push previously forested ecosystems into non-

forested states (Coop et al., 2020; Tepley et al., 2017; Walker et al., 2018), potentially influencing 

the long-term recovery of ecosystem N cycling (Dove et al., 2020; Kurth et al., 2014).  

Furthermore, there is a need for research that links post-fire nutrient uptake and release across 

spatial scales through coupled stream-reach, hillslope, and catchment-scale observations 

(Rhoades, Nunes, et al., 2019; Smith et al., 2011). The identification of post-fire sources and sinks 

will better characterize the capacity of watersheds to mitigate fire impacts.  

 I directly address these critical knowledge gaps by conducting multi-scale studies 15 or 

more years after severe wildfire. This dissertation combines field-based experimentation with 

statistical modeling and is organized by increasing spatial scale, moving from stream reaches, to 

hillslope gradients, to watersheds. Chapter 2 investigates the stream biotic response to wildfire and 

evaluates the potential for stream uptake to attenuate NO3
- losses. The third chapter characterizes 

terrestrial N sources by measuring inorganic N in mineral soils, soil water, and shallow 

groundwater along hillslope gradients. Chapter 4 evaluates topographic, vegetation, and fire 
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controls on the spatial distribution of stream NO3
-. The final chapter reviews the major findings 

and discusses how they can inform future post-fire management and research.   
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2. Reduced N-Limitation and Increased In-Stream Productivity of Autotrophic Biofilms 5 

and 15 Years After Severe Wildfire 

 

2.1 Introduction 

 Wildfire frequency, severity, and extent have been increasing in the western US since the 

mid-1980s (Abatzoglou et al., 2017; Abatzoglou & Williams, 2016; Westerling, 2016). More than 

65% of water supply in the Western US originates in forested headwaters (Brown et al., 2008) so 

understanding wildfire impacts on headwater stream ecosystems has broad societal relevance. 

Wildfires that kill vegetation (Keeley, 2009; Parsons et al., 2010) can increase nitrogen (N) 

availability by reducing plant nutrient demand and increasing mineralization of organic soil N 

forms (Smithwick et al., 2009; Turner et al., 2007; Wan et al., 2001b). Mineral N that is not taken 

up by plants or microbes is typically leached from soils to streams in the mobile, dissolved form, 

nitrate-N (NO3-N) (Turner et al., 2007). This increased terrestrial to aquatic N transfer can elevate 

stream N, with the highest stream NO3-N concentrations typically occurring in severely burned 

watersheds (Rhoades et al., 2011a; Rhoades, Chow, et al., 2019; Riggan et al., 1994). Elevated 

post-fire stream NO3-N concentrations have been documented across the western US (Rust et al., 

2018), and can remain elevated for decades (Rhoades, Chow, et al., 2019).  For example, stream 

NO3-N was higher in burned compared to unburned watersheds 14 years after the Hayman fire, 

regardless of season (Rhoades, Chow, et al., 2019). This increases the risk of eutrophication and 

harmful algal blooms (Dodds & Smith, 2016; Emelko et al., 2016; Smith et al., 2011) and the 

formation of potentially toxic disinfection by-products (Emelko et al., 2011). Furthermore, N is a 

sensitive indicator of ecosystem function (Vitousek et al., 1979). Because N is usually in limited 

supply and constrains plant growth in most terrestrial systems (Chapin et al., 2011), elevated NO3-

N export signals decreased watershed nutrient retention. 
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 In headwater streams, NO3-N export is controlled by the balance between terrestrial supply 

(Likens et al., 1970) and in-stream biotic demand (Bernhardt et al., 2003; Bernhardt et al., 2005). 

Following disturbance, terrestrial and stream biogeochemical responses may diverge (Bernhardt 

et al., 2003; Hall, 2003). Vegetation mortality reduces terrestrial nutrient demand and can increase 

nutrient delivery to streams (Stephan et al., 2012; Vitousek & Reiners, 1975). Thus vegetation 

regrowth is the primary mechanism responsible for mitigating terrestrial NO3-N losses (Vitousek 

et al., 1979). If vegetation recovery is slow, as has been seen following severe wildfire (Chambers 

et al., 2016), terrestrial NO3-N losses may be long-lasting. Once NO3-N reaches the stream, biotic 

uptake has the potential to mitigate NO3-N export. Higher post-disturbance nutrient and light 

availability can stimulate in-stream metabolism (Bernot et al., 2010) and nutrient demand 

(Bernhardt et al., 2005) which may buffer watershed NO3-N exports. There is evidence that benthic 

biomass (Klose et al., 2015) and stream productivity (Betts & Jones, 2009) increase immediately 

after fire though the longer-term effects (>5 years post-fire) of wildfire on stream biotic processing 

remain unclear. While changes in terrestrial supply and aquatic demand both vary widely among 

disturbance and ecosystem types, in-stream responses may contribute to post-disturbance nutrient 

retention (Bernhardt et al., 2003).   

 In this study, I evaluated the consequences of wildfire on nutrient limitation, benthic 

biofilm biomass, and stream metabolism 5 and 15 years after two severe wildfires. I hypothesized 

that elevated stream NO3-N levels would reduce N-limitations on algal growth and increase 

benthic autotrophic biomass and in-stream productivity in burned watersheds. I tested these ideas 

by deploying nutrient diffusing substrate (NDS) experiments, sampling benthic biofilms, and 

measuring stream metabolism in streams draining three burned and three unburned watersheds. I 

then considered the data within a supply-demand balance to estimate the capacity for in-stream 
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uptake to regulate post-fire export. By simultaneously considering in-stream nutrient limitation 

and demand, terrestrial supply, and watershed export, this study develops a more robust 

understanding of wildfire impacts on watershed nutrient cycling 5 and 15 years post-fire. 

2.2 Methods 

2.2.1 Study area and sampling approach 

 I studied the stream biogeochemical impacts of two wildfires, the Hayman and High Park 

fires, both of which burned within Colorado’s Front Range (Figure 2.1). In 2002, the Hayman Fire 

burned 559 km2 of ponderosa pine (Pinus ponderosa) and Douglas-fir (Pseudotsuga menziesii) 

forest (Graham, 2003) and 66% of that area burned at high and moderate severity. Prior to 2020, 

this was the largest wildfire in Colorado’s history, occurring 50 km southwest of Denver and 

affecting the drinking water supply of 2.7 million people (Graham, 2003). This lower montane 

ecosystem (1980-2750 m elevation) is characterized by poorly developed, coarse sandy loam soils 

that are susceptible to erosion (Robichaud et al., 2003). Average annual precipitation, including 

both rain and snow, is 182 cm in the Hayman fire (WRCC 2016, Chessman Station #051528). The 

2012 High Park fire burned 354 km2 of a mixed-conifer forest, with 47% of that area burning at 

high and moderate severity. The High Park fire was only 21 km west of Fort Collins, home to 

164,000 people (Larimer County et al., 2012). The burned area is dominated by steep slopes and 

sandy loam soils with frequent rock outcrops (Larimer County et al., 2012). On average, 

watersheds in the High Park fire receive 469 cm of annual precipitation (WRCC 2016, Buckhorn 

Mtn 1E Station #051060). Given the large size and high severity of these fires, forest recovery has 

been sparse (Chambers et al., 2016) and much of the burned area is now dominated by grasses, 

shrubs, and bare ground (Fornwalt & Kaufmann, 2014) (Figure 2.2).  

file:///E:/Dropbox/Dropbox/(WRCC
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Figure 2.1: A) The 2002 Hayman and 2012 High Park fire perimeters (red) overlain on US Forest 
Service land (green) and primary highways (grey) in Colorado, USA. B-C) Burn severity maps 
(mtbs.com) for each fire with 3 unburned (U1-U3) and 3 burned watersheds (B1-B3) outlined in 
black and stream lines shown in blue. 

 Sampling occurred in streams draining 3 burned and 3 unburned watersheds (Figure 2.1). 

Fieldwork was conducted during a 20-day period spanning from July 28, 2017 - August 16, 2017 

at Hayman and July 26, 2017 - August 14, 2017 at High Park. Late summer sampling avoided 

large storms and scouring events that disturb benthic biofilms. Thus, the comparison of burned 

and unburned watersheds was conducted during a period of relatively stable stream discharge and 

high in-stream production. Additionally, I analyzed stream nutrients before, during, and after the 

20-day experimental period as a part of a larger program in which water chemistry has been 
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monitored for 19 years following the Hayman fire (Rhoades et al., 2011a; Rhoades, Chow, et al., 

2019). All 6 watersheds are steep headwaters and have contributing areas between 3.25-19.38 km2 

(Table 2.1). I selected experimental stream reaches that had relatively uniform elevation, slope, 

and aspect (Table 2.1). These small, headwater streams had average stream velocities from 6-27 

cm/sec, stream depths from 9-20 cm, and wetted widths from 50-318 cm during the experimental 

sampling period (Table 2.1). 

 

Figure 2.2: Forests burned by high severity wildfires along the Colorado Front Range have been 
slow to recover. 16 years after the Hayman fire, tree regeneration is sparse and the post-fire 
landscape is dominated by shrubs, grasses, and bare ground (Photo taken: May 2018, Location: 
west of B2 in Fig 1).  
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Table 2.1: Physical characteristics of unburned watersheds (U1-U3) and watersheds that burned 
in Colorado wildfires 5 and 15 years prior to this study (B1-B3). Average stream characteristics 
were based on weekly observations during the 20-day experimental period (July 26 – August 16, 
2017). 

  
Contributing 

Area  

(km²) 

Elevation 

Range 

(m) 

Mean 

Slope  

(°) 

Dominant 

Aspect 

Mean 

Velocity  

(cm/sec) 

Mean 

Depth  

(cm) 

Mean 

Wetted 

Width  

(cm) 

U1 7.04 2193-2715 17.23 NE 3.51 19.70 88.0 

U2 19.38 2059-3263 15.59 NE 6.93 18.19 318.0 

U3 8.60 2161-2791 14.78 E 7.85 11.31 100.0 

Unburn Mean        6.10 16.40 157.1 

B1 3.25 2402-3087 15.43 NW 11.51 9.16 193.3 

B2 6.02 1972-2480 15.80 E 6.25 10.31 49.9 

B3 8.33 2354-2993 11.62 W 26.75 12.22 55.7 

Burn Mean         14.83 10.56 94.7 
 

2.2.2. Geospatial data 

 I obtained publicly available burn severity maps from the Monitoring Trends in Burn 

Severity (MTBS) database which classifies severity based on the degree of vegetation combustion 

(Eidenshink et al., 2009). Normalized Differenced Vegetation Index (NDVI) is a proxy for 

vegetation cover that is generated from Landsat imagery every 16-days at a 30 x 30 m resolution. 

I used Climate Engine to derive the mean summer NDVI across the June to August 2017 time 

period for each study watershed (Huntington et al., 2017). NDVI values range from -1 to 1.  Low 

NDVI (<0.1) is characteristic of bare ground and water, moderate values (0.2-0.3) represent grass 

or shrub land, and high values (0.6-0.8) represent dense forests (Weier & Herring, 2000). I 

estimated riparian canopy density from the outlet sampling point to the headwaters of all study 

watersheds using publicly available 1-m resolution aerial imagery collected in August of 2017 

(FSA 2015). I delineated 50-m longitudinal reaches that extended 10-m on each side of the stream. 

I then classified riparian canopy density of each 50 x 20 m reach as percent of riparian area 
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occupied by woody vegetation (sparse <30% canopy cover, moderate 30-70% canopy cover, or 

dense >70% canopy cover). 

2.2.3 Stream water chemistry and discharge 

 I collected stream grab samples to measure total dissolved N (TDN), nitrate-N (NO3-N), 

ammonium-N (NH4-N), orthophosphate-phosphorous (PO4-P), and dissolved organic carbon 

(DOC). Samples were collected in pre-washed 1 L high-density polyethylene bottles. Sub-samples 

were filtered through 0.7 µm glass fiber filters (Whatman International, Ltd., Maidstone, UK) and 

0.45 µm polyvinyl diethylene filters (MilliporeSigma, Burlington, MA). Filtered sub-samples 

were analyzed for TDN and DOC on a total organic C analyzer (TOC-V Combustion, Shimadzu, 

Columbia, MD) and for cations and anions using ion chromatography (Dionex ICS-3000, 

Waltham, MA and Waters 580, Sunnyvale, CA).  

 I used dilution gauging (Rantz, 1982) to measure stream discharge at each site 1-3 times 

during the 20-day experimental period. I injected sodium chloride as an instantaneous injection 

and recorded tracer breakthrough curves (BTCs) using in-situ specific conductivity sensors 

(Campbell Scientific Inc., CS547A, Logan, UT) recording on a 2 sec time-step. The conductivity 

sensor was calibrated for temperature and electrical conductivity with salt solutions in the 

laboratory to calculate the relative NaCl concentrations of tracer breakthrough curves. Discharge, 

NO3-N concentration, and watershed area were used to calculate area-normalized instantaneous 

NO3-N flux, referred to as watershed NO3-N export, at each site.  
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2.2.4 Nutrient-diffusing substrates 

 I deployed in-situ nutrient-diffusing substrate (NDS) experiments to quantify the degree of 

biofilm nutrient limitation in streams draining burned and unburned watersheds. The nutrient 

diffusing substrates release nutrients into the water column to evaluate benthic biofilm response 

relative to an unamended control. I evaluated primary limitations with individual N, P, and C 

treatments and co-limitation with N+P, C+N, C+P, and C+N+P treatments. The following resource 

treatments were added to 2% agar biofilm growth medium: N as 0.5 mol N/L of sodium nitrate 

(NaNO3), P as 0.2 mol P/L of monopotassium phosphate (KH2PO4), and C as 0.5 mol C/L of 

glucose (C2H3O2) and 0.5 mol C/L acetate (CH3COO-). Unamended agar was included as a control. 

The agar solutions were poured into opaque, plastic crucibles (US Plastics, Lima, OH) and capped 

with fritted glass discs (EA Consumables, Pennsauken, NJ) to form nutrient-diffusers.  

 NDS experiments were deployed from July 28, 2017 - August 16, 2017 at Hayman and 

July 26, 2017 - August 14, 2017 at High Park and there were no large storms or scouring events 

during this period in any of the study streams. The 8 treatments (Control, N, P, C, N+P, C+N, C+P, 

and C+N+P) were randomly stratified on 6 replicate nutrient-diffuser racks per stream. These 

diffuser racks were placed beside one another, parallel to flow and anchored to the stream bed. 

After 20 days, each fritted glass disc was removed, placed in a pre-washed polyphenylene ether 

container, and kept in a dark freezer (-18˚C) until processing. I used chlorophyll a (Chl a), a 

photosynthetic pigment common in all autotrophs, as a proxy for autotrophic biomass (Hambrook 

Berkman & Canova, 2007). I measured biofilm Chl a concentrations by extracting each fritted 

glass disc with 15 mL of 90% HPLC-grade buffered acetone. After 24-hours in a dark refrigerator 

(4˚C), the discs were removed and extracts were analyzed on a fluorometer using a non-
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acidification module (Turner Designs, San Jose, CA). The Chl a concentration of the extract was 

calculated using equation 1 (Arar & Collins, 1997):  

𝐶ℎ𝑙𝑎 =  (𝑅𝑏−𝑏𝑙𝑎𝑛𝑘)×𝐹𝑠×𝑉𝑎                                                          (1) 

Where Rb is the fluorometer reading of the sample extract (raw fluorescence unit, RFU), 𝑏𝑙𝑎𝑛𝑘 is 

the average fluorometer reading of buffered acetone without any sample extract (RFU), Fs is the 

response factor (= 0.1724 µg/L * RFU-1), V is extract volume (L), and a is the surface area of the 

fritted glass disc (cm2). 

 I calculated response ratios (i.e., ln(treatment mean/control mean)) to classify biofilm 

responses and identify nutrient limitations. Positive response ratios indicate that a given 

amendment enhanced biofilm growth relative to the unamended control, and negative response 

ratios indicate that the amendment suppressed biofilm growth. Biomass responses are often 

inversely proportional to ambient stream nutrient concentrations (Klose et al., 2015; Marcarelli et 

al., 2009; Reisinger et al., 2016). Primary limitation is inferred when an individual addition (N or 

P or C) elicits a significant, positive response (Tank & Dodds, 2003). Secondary limitation occurs 

when the combination of two additions has a significant, positive effect, but only one of the 

additions alone has a significant effect (i.e., N and N+P have a significant response, but P does 

not) (Tank & Dodds, 2003). Co-limitation is inferred when just the combination of two additions 

causes a significant effect (i.e., N+P has a significant response) (Tank & Dodds, 2003). 

2.2.5 Benthic biofilm 

 Benthic biofilms are complexes of autotrophic (algae and cyanobacteria) and heterotrophic 

(bacteria and fungi) microorganisms that attach to stream bed substrate and comprise a large 
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portion of total biomass in headwater streams (Battin et al., 2008). Hereafter, I use the term 

“biomass” in reference to stream biofilms. The unamended NDS controls provided a uniform 

surface area and substrate type to compare ambient autotrophic, heterotrophic, and total benthic 

biomass between burned and unburned streams. The Chl a acetone extraction fluid from each 

unamended control was filtered through a pre-combusted, pre-weighed GF/F filter to calculate 

ash-free dry mass (AFDM) (APHA, 1995). Samples were dried (105˚C for 27 hours), weighed 

(Wa), combusted in a muffle furnace (500 ˚C for 1 hour), and reweighed (Wash). Dried filters were 

kept in a desiccator throughout the procedure and weights were measured on an analytical balance 

to the nearest 0.1 mg. AFDM (mg/cm2) was calculated from the dry (Wa, mg) and ashed (Wash, 

mg) sample weights and the surface area of the fritted glass discs (Af, cm2) (Equation 2) (Steinman 

et al., 2006). 

𝐴𝐹𝐷𝑀 = 𝑤𝑎−𝑤𝑎𝑠ℎ𝐴𝑓                                                                 (2) 

This measure of organic material loss upon combustion represents total biofilm biomass (i.e., the 

sum of autotrophic and heterotrophic biomass). Finally, I calculated the autotrophic index (AI) as 

AFDM divided by Chl a (Steinman et al., 2006). Throughout, I use Chl a concentration as a 

measure of autotrophic biomass, AFDM as a measure of total biofilm biomass, and AI as a relative 

measure of heterotrophic biomass (Bechtold et al., 2012; Hambrook Berkman & Canova, 2007).  

2.2.6 Stream metabolism 

 The combined activity of benthic, planktonic, and hyporheic biota can be estimated from 

measured diel changes in stream dissolved oxygen (DO) (Hall & Hotchkiss, 2017; Odum, 1956). 

I used optical sensors to measure stream DO concentrations (mg/L) and temperature (˚C) on 15-
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minute intervals throughout the experimental period in all 6 streams (MiniDOT, Precision 

Measurement Engineering Inc., Vista, CA). Light intensity (lum/m2) was also measured on 15-

minute intervals to determine light and dark hours (HOBO, Onset Computer Co., Bourne, MA). 

Dissolved oxygen saturation (𝑂𝑠𝑎𝑡) was calculated with site-specific atmospheric and temperature 

corrections. Median stream velocity was measured using NaCl injections and stream depth was 

recorded with field surveys (Table 2.1). Average stream velocity and depth measured during the 

experimental period were used to estimate site-specific O2 gas exchange rates, Ko (Owens et al., 

1964, Elmore and West, 1961). I calculated stream metabolism for each site-day using the open-

system, single-station diurnal DO change approach (Odum, 1956)(Equation 3). Here, dO/dt is the 

rate of change in O2 concentration (mg/L) for each time step, GPP is gross primary productivity 

(g O2/m2/d), ER is ecosystem respiration (g O2/m2/d), Ko is the O2 gas exchange rate (1/d), Osat is 

O2 at saturation for a given temperature and barometric pressure (%), O is the O2 concentration 

(mg/L), and z is the mean river depth (m). 

𝑑𝑂𝑑𝑡 = 𝐺𝑃𝑃𝑧 + 𝐸𝑅𝑧 +𝐾𝑂(𝑂𝑠𝑎𝑡 − 𝑂)                                                  (3) 

 Production to respiration ratios (P:R) were calculated as GPP divided by the absolute value 

of ER. Net primary production (g O2/m2/d) was estimated assuming half of GPP is consumed by 

autotrophic respiration (Hall & Tank, 2003). Then I used a photosynthetic quotient of 1 to convert 

NPP from units of O2 to C and converted from C to N using a median molar ratio of biofilm C:N 

equal to 12 (sensu King et al., 2014).  
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2.2.7 Statistical analysis 

 I analyzed NDS results with a linear mixed-effects model, using the Kenward-Roger 

method (lme4 package in RStudio Version 1.2.5). The fixed effects were amendment (presence or 

absence of C, N, and P) and burn condition, the random effect was site, and the response factor 

was Chl a concentration. Data were log-transformed before the analysis to meet assumptions of 

normal distribution and equal variance. I used Dunnett’s test to evaluate the statistical significance 

of each treatment response relative to the control. I analyzed stream temperature, stream nutrient 

and DOC concentrations, benthic biofilm, and metabolism data using linear mixed-effects models 

with burn condition (i.e., burned or unburned watershed) as the fixed effect and site as the random 

effect. Burned and unburned comparisons that differed at the  <0.05 level were considered 

statistically significant unless stated otherwise.  

2.3 Results           

2.3.1 Geospatial data 

 Even 5 and 15 years following wildfire, burned watersheds had lower riparian cover and 

stream shading relative to unburned watersheds based on aerial imagery(Table 2.2). All unburned 

watersheds had dense pine forests and average June-August 2017 NDVI ranged from 0.52-0.59 

(Table 2.2). The majority of stream length in unburned watersheds had dense riparian canopy cover 

(>70% woody vegetation cover within 10 m of the stream, see Table 2.2). In contrast, 73-99% of 

the 3 burned watersheds was altered by wildfire, resulting in shrub and grass-dominated vegetation 

with average NDVI (June-August 2017) ranging from 0.34-0.40 (Table 2.2). Riparian canopy 

cover was lower in the burned watersheds, especially within patches of moderate to high fire 
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severity; 46-71% of stream length was classified as bare (<30% woody vegetation cover within 10 

m of the stream, see Table 2.2). 

Table 2.2: Vegetation characteristics of the 6 study watersheds. Burn extent is the proportion of 
each watershed that was burned by wildfire (mtbs.com). Mean normalized differenced vegetation 
index (NDVI) is a metric of average vegetation cover throughout each watershed from June to 
August of 2017. The proportion of stream length with bare (<30%), moderate (30-70%), or dense 
(>70%) riparian canopy cover corresponds to woody vegetation within 20-m wide riparian zones. 

  Burn 

Extent 

(%) 

Mean June-

August NDVI 

Proportion of stream length with 

 bare moderate dense 

 riparian cover (%) 

U1 0 0.52 4 15 81 
U2 0 0.59 1 8 91 
U3 <1 0.53 6 15 79 

Unburn Mean 0 0.55 4 13 84 
B1 99.6 0.39 71 15 15 
B2 72.3 0.34 61 11 28 
B3 89.6 0.40 46 17 37 

Burn Mean 87.2 0.37 59 14 26 
 

2.3.2. Stream nutrients and DOC 

 Stream NO3-N concentrations were 23-times higher in burned (0.23 mg/L) compared to 

unburned (0.01 mg/L) watersheds (Figure 2.3a-b). This is consistent with previous studies of the 

Hayman fire that document elevated stream NO3-N concentrations in burned watersheds, across 

all flow conditions for 14 years after the fire (Rhoades et al., 2011a; Rhoades, Chow, et al., 2019). 

While area-normalized stream discharge was not significantly different with burn condition, area-

normalized watershed NO3-N export was significantly higher in streams draining burned relative 

to unburned watersheds (Table 2.3) (Rhoades, Chow, et al., 2019). Stream dissolved inorganic N 

(DIN) was marginally higher and dissolved organic N (DON) marginally lower in burned relative 

to unburned watersheds (Table 2.3). Stream TDN did not differ (Table 2.3), though most samples 

in both burned and unburned watersheds exceeded a recommended threshold (0.12 mg/L TN) for 
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least disturbed, reference streams in the western forested mountains region (EPA, 2000). There 

was also no difference in NH4-N concentrations in burned and unburned watersheds (Figure 2.3c-

d, Table 2.3). NO3-N comprised 75% of TDN in burned watersheds compared to 7% of TDN in 

unburned watersheds. Stream PO4-P concentrations were below the 0.01 mg/L detection limit in 

all samples in both burned and unburned watersheds. I observed a marginal decline in median 

DOC in the burned watersheds during the experimental period (Figure 2.3e-f) that agreed with 

earlier work showing lower DOC in severely burned Hayman watersheds (Rhoades, Chow, et al., 

2019). However, mean DOC concentrations were not significantly different in burned and 

unburned watersheds as assessed by linear mixed-effects models (Table 2.3).  
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Figure 2.3: A-B) Stream nitrate-nitrogen (NO3-N), C-D) ammonium-nitrogen (NH4-N), and E-F) 
dissolved organic carbon (DOC) concentrations from stream grab samples collected between June 
and August of 2017. Each point represents an observation, color-coded by site; green and orange 
tones denote unburned and burned watersheds, respectively. Specific site-days with NO3-N export 
measurements are denoted as diamonds as opposed to circles in panel A (i.e., discharge was 
measured on that day). The solid horizontal lines in the boxplots (B, D, and F) denote medians, 
the dashed lines represent means, the upper and lower limits of the box span the interquartile range, 
the whiskers span 1.5-times the interquartile range, and dots beyond the whiskers are outliers. Only 
NO3-N was significantly different between burned and unburned streams as assessed by linear 
mixed effects models (Table 2.3).   
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Table 2.3: Stream chemistry and discharge, benthic biofilm, and metabolism metrics for the 3 
unburned and 3 burned watersheds. Linear mixed-effects p-values indicate whether unburned sites 
(U1-U3) and burned sites (B1-B3) were significantly different at the α <0.05 level (bolded). Stream 
water chemistry data were collected 5-6 times at each site throughout the summer of 2017. Benthic 
biomass was measured on the control NDS disks at the end of the 20-day experimental period at 
all 6 sites. Metabolism was measured daily during the 20-day experimental period at all 6 sites. 

    Unburn   Burn   p-value 

Stream Chemistry & Discharge (Mean / Median)     
Q/area (mm/hr) 0.004 / 0.004  0.006 / 0.005  0.33 

NO3-N*Q/area (mg N/hr/km2) 62 /17   1222 / 1212  0.01 

NO3-N (mg/L) 0.01 / 0.01  0.23 / 0.28  0.01 

NH4-N (mg/L) 0.05 / 0.06  0.05 / 0.05  0.85 
DIN (mg/L) 0.09 / 0.08  0.26 / 0.26  0.10 

DON (mg/L) 0.12 / 0.12  0.05 / 0.05  0.08 
TDN (mg/L) 0.21 / 0.18  0.30 / 0.36  0.19 

PO4-P  (mg/L) <0.01 / <0.01  <0.01 / <0.01  n/a 
DOC (mg/L) 3.54 / 4.07  2.07 / 1.52  0.34 

DOC:TDN  20.56 / 23.88  9.92 / 8.92  0.23 

       
Benthic Biofilm           

Chl a (μg/cm2) 1.34 / 1.34  3.35 / 3.27  0.007 

AI  1367 / 724  1419 / 309  0.81 
AFDM (μg/cm2) 1074 / 672  4181 / 1082  0.36 

       
Metabolism      

GPP  (g O2/m2/d) 0.02 / 0.0001  0.45 / 0.22  0.03 

ER  (g O2/m2/d) -1.43 / -1.30  -1.99 / -1.82  0.37 
P:R  0.01 / 0.0001  0.20 / 0.15  0.03 

N demand (g N/m2/d) <0.01 / <0.01  0.02 / 0.009  0.03 

 

2.3.3 Nutrient-diffusing substrates 

 In unburned watersheds, the N amendment had a significant positive effect on Chl a (Figure 

2.4). There was a 132% increase in Chl a concentrations from 1.34 µg/cm2 in unamended 

substrates to 3.12 µg/cm2 in amended substrates (Figure 2.4a). The N+P amendment had a similar 

positive effect (Figure 2.4b), causing a 91% increase in Chl a from 1.34 µg/cm2 in unamended 

substrates to 2.57 µg/cm2 in amended substrates (Figure 2.4a). The P treatment however, had no 

significant effect on Chl a (Figure 2.4b). The C, C+P, and C+N+P treatments all significantly 
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suppressed Chl a whereas the C+N treatment had no significant effect on Chl a in unburned 

watersheds (Figure 2.4b).  

 In burned watersheds, both the N (4.86 µg/cm2, p=0.07) and  P amendments (4.94 µg/cm2, 

p=0.11) caused slight increases in Chl a compared to the unamended control (3.35 µg/cm2) (Figure 

2.4c-d). However, the N+P treatment caused the only significant, positive response in burned 

streams (Figure 2.4d) with a 102% increase in Chl a concentration from 3.35 µg/cm2 in unamended 

substrates to 6.77 µg/cm2 in N+P amended substrates (Figure 2.4c). C significantly suppressed and 

C+P marginally suppressed (p=0.08) Chl a while the C+N and C+N+P treatments had no 

significant effect on Chl a in burned watersheds (Figure 2.4d). 
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Figure 2.4: Autotrophic response to nutrient diffusing substrate (NDS) experiments for unburned 
(A-B, green) and burned (C-D, orange) watersheds. The left panels represent raw Chl a 
concentration in A) unburned and C) burned watersheds for each NDS treatment. The horizontal 
solid line of each boxplot denotes medians, the dashed lines denote means, the upper and lower 
limits of the box span the interquartile range, the whiskers span 1.5-times the interquartile range, 
and dots beyond the whiskers are outliers. The right panels display response ratios (i.e., 
ln(treatment mean/control mean)) of each treatment for B) unburned and D) burned watersheds 
representing changes relative to the control. Positive and negative response ratios indicate that 
amendments enhanced or suppressed Chl a, respectively. The dark shaded colors correspond to 
nutrient treatments (N, P, and NP), the light shades are carbon treatments (C, CN, CP, and CNP), 
and the unshaded boxes are controls. “*” indicates statistically significant treatment responses 
(p<0.05).  
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2.3.4 Benthic biofilm 

 Autotrophic algal biomass was 2.5-times greater in burned watersheds with Chl a 

concentrations averaging 3.35 µg/cm2 compared to 1.34 µg/cm2 in unburned watersheds (Figure 

2.5a). Furthermore, Chl a concentration increased with the extent of watershed burned (p=0.015, 

R2=0.80, Figure A1). Heterotrophic bacterial biomass did not differ in burned and unburned 

watersheds (Figure 2.5b, Table 2.3), but the uniformly high AI values reflect the abundance of 

heterotrophic biofilms in these headwater streams (Steinman et al., 2006). Total biomass, 

measured as AFDM, was not significantly different between burned and unburned watersheds 

(Figure 2.5c, Table 2.3). 
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Figure 2.5: A) Autotrophic biofilm biomass based on chlorophyll a (Chl a) B) heterotrophic 
biofilm biomass based on the autotrophic index (AI) and C) total biofilm biomass based on ash-
free dry mass (AFDM). Each point represents a 20-day in-stream deployment, with 6 replicates 
per site (color-coded). The solid horizontal line in each boxplot denotes medians, the dashed lines 
are means, the upper and lower limits of the box span the interquartile range, the whiskers span 
1.5-times the interquartile range, and dots beyond the whiskers are outliers. Only Chl a differed 
significantly between burned and unburned watersheds as assessed by linear mixed-effects models 
(Table 2.3). 
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2.3.5 Stream metabolism 

 Mean daily rates of GPP were 20-times higher in streams draining burned (0.45 g O2/m2/d) 

compared to unburned watersheds (0.02 g O2/m2/d, Figure 2.6a, Table 2.3). Daily rates of ER were 

not significantly different between burned and unburned watersheds (Figure 2.6a, Table 2.3). All 

study streams had P:R ratios <1 (Figure 2.6b, Table 2.3), indicating that respiration exceeded 

production, and suggesting that stream biotic production relies on external organic matter inputs. 

However, the burned streams had significantly higher P:R ratios indicating higher relative primary 

production compared to unburned streams (Figure 2.6b, Table 2.3). Based on stoichiometric 

relationships with GPP, I estimated that autotrophic N uptake was 20-times higher in the burned 

compared to unburned watersheds (Figure 2.6c, Table 2.3). 

 

Figure 2.6: A) Stream metabolism for the 3 streams draining unburned watersheds (green) and 
the 3 draining burned watersheds (orange). Data above the 1:1 line in panel A indicate that 
ecosystem respiration (ER) exceeded gross primary production (GPP). Each point represents a 
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site-day metabolism estimate and linear regressions depict the general relations between GPP and 
ER separately for unburned (green) and burned (orange) watersheds. B) Productivity to respiration 
(P:R) ratios and C) daily autotrophic N uptake rates derived from daily GPP estimates for each 
site-day, color-coded by site. The solid horizontal lines in the boxplots denote medians, the dashed 
lines represents means, the upper and lower limits of the box span the interquartile range, the 
whiskers include data within 1.5-times the interquartile range, and dots beyond the whiskers are 
outliers. Statistical significance is denoted in Table 2.3.  

2.4 Discussion 

2.4.1 Autotrophic response to nutrient amendments 

 Our NDS experiments demonstrated differences in autotrophic nutrient responses that were 

related to variability in stream NO3-N concentrations, which were 23-times higher in streams 

draining burned relative to unburned watersheds. I observed a significant, positive Chl a response 

to N addition in NDS experiments in unburned watersheds (Figure 2.4b). This result indicates that 

N was a primary nutrient limiting autotrophic biofilms in these unburned systems. In contrast, 

there was no significant Chl a response to N addition in burned watersheds (Figure 2.4d) 

demonstrating that N was not a primary limiting nutrient in these nitrate-rich burned streams. 

While the NDS experiments were conducted during a short experimental period, the pattern of 

elevated NO3-N in these burned streams is consistent and long-lasting (Rhoades et al., 2011a; 

Rhoades, Chow, et al., 2019). 

 In contrast to stark differences in NO3-N concentrations, stream PO4-P concentrations were 

below the analytical detection limit of 0.01 mg/L in streams draining both the burned and unburned 

watersheds. Despite the low PO4-P concentrations, individual P amendments had no significant 

effect on Chl a in any of the study streams (Figure 2.4). This finding is consistent with 

experimental studies demonstrating that primary P limitation of autotrophic biofilms is rare, even 

under low ambient concentrations (Tank & Dodds, 2003). While PO4-P is the dominant 
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bioavailable form of inorganic P in streams, it is only one component of the total P pool that cycles 

within forested watersheds (Schlesinger and Bernhardt 2013). Thus, unmeasured organic and 

inorganic P sources may alleviate autotrophic P-limitation, particularly in burned watersheds as 

multiple forms of P (soluble reactive, total dissolved, particulate, and total P) have been shown to 

increase after wildfire (Silins et al., 2014).  

 While there was no autotrophic biomass response to P addition alone, I did observe positive 

responses to N+P addition across all study sites. In unburned watersheds, I observed a significant, 

positive Chl a response to both individual N and N+P treatments (Figure 2.4b) indicating that N 

was primary and P was secondary in limiting autotrophic growth (sensu Tank and Dodds 2003). 

In burned watersheds, I only observed a significant, positive Chl a response to the combined N+P 

treatment, with non-significant responses when N or P were added individually. This indicates 

N+P co-limitation and an overall reduction of primary N limitation in burned watersheds. 

Together, these alterations in autotrophic nutrient limitation 5 and 15 years post-fire represent the 

lasting influence that upland land cover change can have on stream ecosystems (Johnson et al., 

2009). Furthermore, the N+P co-limitation that I observed in burned streams suggests that 

increases in P loading to nitrate-rich burned streams may stimulate in-stream productivity and 

enhance the potential for eutrophication of aquatic ecosystems after fire (Emelko et al., 2016; 

Santos et al., 2015; Smith et al., 2011).  

2.4.2 Biotic regulation of coupled C and N cycles 

 When the supply of labile C is adequate, heterotrophs can outcompete autotrophs for N and 

P (Bechtold et al., 2012; Weaver, 2019). I did not directly measure the response of heterotrophs to 

NDS treatments, but were able to infer changes in their behavior based on measured stream 
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autotroph responses (Weaver 2019). I expected heterotrophs to respond strongly to C amendments 

(i.e., C, CN, CP, CNP) and outcompete autotrophs, resulting in negative Chl a response ratios. 

Indeed, as reported elsewhere (Bechtold et al., 2012; Weaver, 2019), Chl a responded negatively 

to C amendments in both burned and unburned watersheds (Figure 2.4), indicating that 

heterotrophs outcompete autotrophs in C-amended NDS treatments in these streams. 

  Although I observed negative Chl a responses to C amendments in all streams, I observed 

a weaker Chl a suppression (i.e., less hetetrotrophic competition) in burned watersheds (Figure 

2.4). This result may indicate reduced in-stream heterotrophic C-limitation following wildfire. In 

this study, I observed slightly lower DOC concentrations in streams draining burned relative to 

unburned watersheds (Figure 2.3), which would often be interpreted as more C available for 

heterotrophic respiration in streams of unburned watersheds. However, because of the broad range 

of potential reactivities of dissolved organic matter (DOM), inferring bio-available C from DOC 

concentrations alone can potentially be misleading. For example, other work has demonstrated that 

although old-growth forests export water with higher DOC concentrations relative to landscapes 

regenerating from clear-cut harvesting, the DOM exported from the regenerating landscape was 

five times more reactive as determined from microbial assays (Fegel et al., 2021). Accordingly, it 

is important to consider not only DOC concentration but also the character and reactivity of the 

DOM. While I did not analyze DOM character in these study streams, the data demonstrated 

significantly higher GPP and associated autochthonous production in burned compared to 

unburned streams. Autochthonous C is generally more reactive than terrestrially-derived C 

(McKnight et al., 1994; Aiken and Cotsaris, 1995; Battin et al., 1999). As such, the high levels of 

in-stream productivity in these burned streams could provide highly reactive C for heterotrophic 

respiration. This could be partially responsible for the weaker Chl a suppression observed in 
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burned watersheds. Accordingly, wildfire may alter the concentration, character, and reactivity of 

DOM in streams and the potential for wildfire to alter watershed C cycling warrants further 

consideration   

2.4.3 Forest disturbance and watershed response 

 Watershed nutrient export is the net balance between terrestrial to aquatic supply (Likens 

et al., 1970) and in-stream biotic demand (Bernhardt et al., 2003; Bernhardt et al., 2005). Terrestrial 

to aquatic nutrient transfer in excess of in-stream demand will typically be transported downstream 

(Earl et al., 2006). In this study, in-stream N demand closely matched N supply in unburned 

watersheds and resulted in low NO3-N export (Figure 2.7a). Although both primary productivity 

and autotrophic N demand increased 20-fold following the studied wildfires (Figure 2.6), NO3-N 

export remained higher compared to unburned watersheds (Table 2.3). Results from these study 

sites suggest that increased N supply from burned uplands exceeded post-fire increases in stream 

biotic demand (Figure 2.7b). The generalizability of these findings requires additional study across 

a broader range of wildfires, watersheds, and flow conditions. 

 In this study, increased in-stream productivity and nutrient demand partially mitigate post-

fire nutrient export, but the in-stream response is exceeded by nutrient supply from burned uplands. 

Given the small spatial extent of streams (<1% of watershed area) relative to the extent of the 

contributing area that was burned (73-99%), this result seems likely in post-fire watersheds with 

high burn extent. Additionally, stream productivity can be limited by light, temperature, nutrients, 

substrate, or streamflow either individually or in combination (Bernot et al., 2010) and when 

nutrient limitations subside, another factor may constrain productivity. Thus, variation in supply, 

more so than in-stream demand, can drive stream ecosystem nutrient saturation (Covino et al., 
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2018) and partially control watershed nutrient export. In these study watersheds, terrestrial supply 

exceeded in-stream demand in burned systems, which  underlies the persistent nutrient export 

reported after these  (Rhoades, Chow, et al., 2019) and other fires (Rust et al., 2018).  

 
Figure 2.7: Conceptual supply-demand balance where watershed nutrient export is the difference 
between terrestrial nutrient supply and in-stream nutrient demand. In this study, terrestrial supply 
was inferred from measured stream demand and watershed export in A) unburned and B) burned 
watersheds. In the unburned watersheds, low terrestrial supply was balanced by low in-stream 
demand, causing minimal watershed export. Conversely, the burned watersheds had high 
terrestrial supply that exceeded high in-stream demand and resulted in elevated watershed NO3-N 
export. Adapted from Lane (1955). 
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 Previous research has estimated that 97% of N inputs to Hayman watersheds were retained 

within pre-fire vegetation and soils, but that value declined to <50% in severely burned watersheds 

(Rhoades et al., 2019). This study and others indicate that reduced terrestrial N retention results in 

elevated post-fire stream NO3-N concentrations and watershed export, both of which tend to 

increase with wildfire severity and extent (Rhoades, Chow, et al., 2019; Riggan et al., 1994; Rust 

et al., 2018; Stephan et al., 2012). Thus, the increased frequency and severity of projected 

disturbances (McDowell et al., 2020; Westerling, 2016; Williams et al., 2016) is likely to enhance 

nutrient loading to aquatic ecosystems and intensify risks of eutrophication and harmful algal 

blooms both within and downstream of disturbed landscapes (Dodds & Smith, 2016; Emelko et 

al., 2016; Smith et al., 2011). 

2.5 Conclusions 

 This study evaluated the consequences of wildfire on in-stream nutrient limitation, benthic 

biomass, and stream metabolism 5 and 15 years after severe wildfire. The comparison of burned 

and unburned watersheds highlights significant changes in the post-fire watershed nutrient 

balance. The burned streams in this study had 23-times higher stream NO3-N concentrations, 

reduced autotrophic N-limitation, and greater benthic autotrophic biomass and productivity than 

unburned streams. These data demonstrate that limited post-fire vegetation reestablishment can 

result in persistent increases in stream nutrient concentrations and change the balance of supply 

and demand across coupled terrestrial-aquatic ecosystems. These results also demonstrate that 

increased in-stream N demand does not fully compensate for high terrestrial N loading, even 5 and 

15 years after severe wildfire. Accordingly, extensive regeneration will be required to reduce 

terrestrial to aquatic nutrient supply and minimize watershed NO3-N export. As severe forest 
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disturbance increases throughout the western US, it will likely leave lasting effects on 

biogeochemical cycling within headwater systems. 
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3. Assessing Soil Supply and Plant Demand to Interpret Long-Term Post-Fire Stream N 

Export  

 
3.1 Introduction 

 Fire can have profound impacts on the amount, form, and distribution of nitrogen (N) in 

soils, groundwater, and streams (Certini, 2005; Wan et al., 2001). Substantial N stocks are lost 

from the combustion of the O horizon and occasionally upper mineral soils during high severity 

fire (Bormann et al., 2008; Johnson et al., 2005). The pyrolysis of organic matter initiates an 

immediate pulse of ammonium (NH4
+) in soils and streams (Covington & Sackett, 1992; Grogan 

et al., 2000; Raison, 1979; Wan et al., 2001a). Nitrification is then stimulated by increased NH4
+ 

concentrations (Hanan et al., 2016), favorable abiotic conditions (i.e., soil temperature, moisture, 

and pH) (Bauhus et al., 1993; Hanan et al., 2016), and the presence of alkaline char and ash 

(Bauhus et al., 1993; DeLuca & Sala, 2006) which causes a delayed, but more prolonged pulse of 

nitrate (NO3
-) in soils and streams (Covington & Sackett, 1992; Wan et al., 2001a). Mineral N that 

is not taken up by plants or microbes is often leached from soils in the mobile, dissolved form, 

NO3
- (Gresswell, 1999; Turner et al., 2007) or eroded and deposited downslope as N-rich soil or 

ash (Grogan et al., 2000; Lane et al., 2008; Pierson et al., 2019).  

 Post-fire terrestrial N retention is strongly influenced by tree density (Turner et al., 2009). 

Because dry conifer forests rely on live trees as post-fire seed sources (Bonnet et al., 2005), 

regeneration into large, high severity patches has been slow (Chambers et al., 2016; Rother & 

Veblen, 2016). This seed dispersal limitation will likely become more widespread as the annual 

area burned at high severity increases across the Western US (Parks & Abatzoglou, 2020). When 

regeneration is slow or absent, burned forests remain in grass- or shrub-dominated states for 

extended periods (Roccaforte et al., 2012) which is becoming more common as high severity fire 
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becomes more prevalent and greater annual moisture deficits limit seedling recruitment across the 

Western US (Coop et al., 2020; Parks & Abatzoglou, 2020; Stevens-Rumann et al., 2018; Tepley 

et al., 2017; Walker et al., 2018). Slow forest recovery within large, high severity burn patches 

may sustain post-fire inorganic N export by reducing vegetation N uptake compared to unburned 

forests (Dove et al., 2020; Kurth et al., 2014).  

 Recent research documents that wildfires can have persistent impacts on ecosystem N 

cycling and water quality (Kurth et al., 2014; Rhoades, Chow, et al., 2019; Rust et al., 2018). In 

Northern Arizona, soil inorganic N pools and soil NO3
- supplied through nitrification remained 

elevated for three decades following a stand replacing fire (Kurth et al., 2014). Additionally, stream 

N remained elevated and post-fire NO3
- concentrations were lower along streams with greater 

riparian vegetation cover 14 years after the Hayman Fire in Colorado (Rhoades, Chow, et al., 

2019). These studies demonstrate long-term alterations in soil N supply and vegetation N demand 

that expose a need to investigate which ecosystem component (i.e., soils or vegetation) is driving 

elevated stream N decades after fire.  

 This study aims to increase understanding of post-fire N cycling and the processes that 

contribute to the persistent release of N from burned watersheds. Specifically, the goal was to 

determine if elevated stream N originated from soil N pools and inorganic N production. I 

compared inorganic N concentrations, net nitrification, and mineralization in near-surface mineral 

soils (0-15 cm), N leaching from the surface root layer (30 cm), and N concentrations in shallow 

groundwater (40-100 cm) in unburned forested watersheds and watersheds burned by severe crown 

fire during the 2002 Hayman Fire. Because soil, vegetation, fire behavior, and post-fire recovery 

all vary along topographic gradients (Hinckley et al., 2017; Holyman et al., 2018; Malone et al., 

2018; Rother & Veblen, 2016), burn and unburn comparisons were distributed from uplands to 
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streamside riparian zones. These findings provide insight into an ecosystems capacity to store N 

in soils and vegetation following severe fire with limited regeneration and therefore could be used 

to inform where post-fire restoration should be focused to achieve NO3
- reductions.  

3.2 Methods 

3.2.1 Site description 

 The 2002 Hayman Fire burned 550 km2 of Colorado’s Pike National Forest (Figure 3.1a) 

which is dominated by ponderosa pine (Pinus ponderosa) and Douglas-fir (Pseudotsuga menziesii) 

(Graham, 2003). The understory plant community is dominated by grasses (Bromus spp. and Poa 

spp.), wood’s rose (Rosa woodsii), American red raspberry (Rubus idaeus), and Geranium sp. The 

majority of the Hayman Fire and the study area is underlain by the Pike’s Peak batholith (Ruleman 

et al., 2011), which is comprised of medium to coarse-grained biotite and hornblende-biotite 

granite and weathers to form weakly developed coarse, sandy loam soils (i.e., Ustorthents and 

Cryorthents) (Moore, 1992; Robichaud et al., 2013). The mineral soil profile ranges from 0-40 cm 

(Moore, 1992) and coarse fragments comprise 30% of the soil volume. This semi-arid region 

receives an annual average of 40 cm of precipitation (WRCC, 2021) from both snow and summer 

monsoons and falls within the intermittent snow zone meaning snow cover does not persist 

throughout the winter (Richer et al., 2013).  
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Figure 3.1: A) Sampling locations relative to the 2002 Hayman fire footprint, Colorado, USA. 
The upland positions are depicted as triangles and lower topographic positions (i.e., riparian, 
toeslope, and midslope) are grouped together as circles due to their proximity. Note there are two 
topographic gradients (one on stream left and one on stream right) for each circle displayed on the 
map. Burned sites are depicted in orange and unburned sites in blue. B) Cross-sectional view of 
the four topographic positions sampled in this study.  

3.2.2 Vegetation sampling 

 I used the point-intercept method in 1 m2 quadrats to characterize surface cover at each 

plot. Vegetation was differentiated into forb, graminoid, and shrub classes and surface cover was 

classified as follows: organic horizon, mineral soil, rock, moss/lichen, char, coarse wood (> 7.5 

cm), fine wood (< 7.5 cm), coarse roots (> 0.5 cm), fine roots (< 0.5 cm) and other (e.g., scat, 

bone). Plant N demand scales with foliar N and aboveground net primary productivity (NPP, 

Turner et al., 2009) so I estimated NPP (kg C/m2) from remote imagery of the study area in 2018 
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(Robinson et al., 2018). Because this product is constrained to a 30-m resolution, I report one value 

for each riparian, toeslope, and midslope sequence and one value for each upland plot.  

3.2.3 Soil sampling 

 In the summer of 2018, three mineral soil cores (0-15 cm) were collected from each 

topographic position and sieved to 2 mm to remove coarse fragments. The entire O horizon (i.e., 

litter + duff floor) was also sampled in unburned upland positions. A 20 g sub-sample from mineral 

and O horizons was dried at 105°C for 24 hours, ground in a roller table for 72 hours, and analyzed 

for total soil C and N content (%) by Dumas dry combustion (LECO CHN 2000; St Joseph, MI). 

C and N stocks of mineral and O horizons were then calculated by multiplying bulk density by soil 

depth and % C and N content. While I measured the bulk density of riparian, toeslope, and 

midslope mineral soils, I assumed O horizon bulk densities of 0.14 g/cm3 based on studies from 

ponderosa pine forests (Stephens et al., 2004) and upland mineral soil bulk densities of 1.39 g/cm3 

(Robichaud et al., 2013). pH was also measured for mineral soils in a 1:1 supernatant of 10 g sub-

sample of mineral soil and a slurry of DI. 

 In June of 2019, three mineral soil cores (0-15 cm) were again collected from each 

topographic position to measure extractable inorganic N pools and net production rates. All soils 

were sieved to 2 mm and an initial 20 g subsample was extracted with 100 mL of 2M KCl, shaken 

for 60 minutes, filtered, and analyzed for NO3
- and NH4

+ using spectroscopy (Lachat QuikChem 

AutoAnalyzer FIA+ 800 Series, Loveland, CO). A second 10 g subsample was oven dried at 105°C 

for 24 hours to calculate gravimetric moisture content (GMC). A 50 g sub-sample was placed in a 

loosely capped plastic cup in a 20°C aerobic incubation chamber for 14 days (Binkley & Hart, 

1989). Samples were rewetted with DI water periodically to maintain field moisture content. After 
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14 days, subsamples of the incubated soils were extracted and analyzed as described above. Net 

mineralization was calculated as the difference in NO3
- plus NH4

+ in the initial and incubated soils, 

net nitrification as the change in NO3
-, and ammonification as the change in NH4

+ (Hart et al., 

1994). 

 I used ion exchange resins (IER) as an index of plant-available soil N (i.e., NO3
- and NH4

+) 

(Binkley & Matson, 1983). Six IER bags were buried at 5 cm depth in the mineral soil at each 

topographic position (i.e., 2 IER bags at each of the 3 plot replicates). I included two deployment 

periods – May 2019 to October 2019 and October 2019 to May 2020 which were respectively 

defined as summer and winter deployments. At the end of the incubation period, I extracted resins 

with 100 mL of 2M KCl, shook samples for 60 minutes, filtered, and analyzed the samples for 

NO3
- and NH4

+ concentrations as described above. 

 I measured volumetric water content (VWC) monthly from June to September of 2019 

using a handheld time domain reflectometry instrument with a 20 cm probe (CD 620, HydroSense 

Campbell Scientific, Logan UT). Three to four measurements were recorded at each plot replicate 

and VWC was averaged by plot.  

3.2.4 Water sampling 

 I measured surface water and shallow groundwater chemistry and water level in two burned 

(B1-2) and two unburned (U1-2) watersheds (Figure 3.1a). I instrumented each of these sites with 

a stream monitoring station, two riparian groundwater wells, two in-channel nested piezometers, 

and 14 tension lysimeters. The riparian wells were installed on both sides of the stream to a 

completion depth of 1 m to sample riparian groundwater. The nested piezometers were installed 

to depths of 40 cm and 80 cm in the center of the stream bed to sample hyporheic water. Porous 

cup, tension lysimeters (Soil Moisture Corp, Goleta, CA) were installed to a depth of 30 cm to 
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sample soil water leachate with 6 in the riparian zone, 6 in toeslope positions, 3 in midslope 

positions, and none in the uplands given the dry soil conditions. 

 I sampled stream water 1-2 times per month (5/13, 5/28, 6/12, 6/24, 7/8, 7/22, 8/3, 8/20, 

9/14). I sampled shallow groundwater from the riparian wells and nested piezometers on the same 

dates using a peristaltic pump that was purged with DI water and a sample rinse prior to each 

sample collection. Soil water leachate was sampled throughout the summer (5/14, 5/29, 6/25, 7/17, 

8/7, 9/15) using a hand pump following the same procedures. All water samples were stored on 

ice in acid-washed HDPE plastic bottles and filtered through 0.45 µm filters (Millipore Durapore 

PVDF, Billerica, MA). NO3
- and NH4

+ concentrations were measured with ion chromatography 

(Dionex Corp., Sunnyvale, CA). Detection limits were 0.01 mg/L for both NO3
- and NH4

+ and 

concentrations that fell below detection limits were replaced by one half the detection limit 

concentration (0.005 mg/L). This was only common for lysimeter samples.  

 TruTrack capacitance rods (Intech Instruments Ltd. New Zealand) were installed in all 

streams, wells, and piezometers to record stage every 15 minutes from May to October of 2019. 

These data were averaged by day to reduce noise and converted to station-specific z scores to allow 

for comparisons between stations. Manual water level measurements were also recorded biweekly 

throughout the summer field season to check continuously recorded water levels. 

3.2.5 Statistical analysis 

 All measured variables were screened for outliers and averaged at the plot level. 

Subsequent analyses were conducted on the plot means. T-tests were used to determine whether 

measured soil, vegetation, and water properties varied with burn condition while stratifying by 

topographic position. ANOVA was used to determine if these parameters varied with topographic 
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position while stratifying by burn condition All statistical analyses were conducted in R (R 

Development Core Team) and significance was determined at the α = 0.05 level. 

3.3 Results 

3.3.1 Seasonal moisture dynamics 

 Over the course of the 2019 water year, the Cheesman weather station recorded 16.7 cm of 

rainfall (WRCC, 2021). The Glen Cove SNOTEL station recorded 37.4 cm of snow water 

equivalent (NRCS, 2021), but was located south of Hayman, near Pikes Peak at 3,500 m so the 

magnitude of snowfall was likely lower at the study sites where mean elevation was 2,500 m. Most 

snowfall occurred in March though snowfall continued through May and rainfall peaked in July 

(Figure 3.2). The South Platte stream gauge (USGS, 2021) demonstrated peak flows in late June 

during snowmelt though there were multiple rainfall-driven peaks throughout the season (Figure 

3.2). The study watersheds were much smaller (i.e., first order streams draining into the South 

Platte) and exhibited similar, but muted seasonal trends in streamflow (Figure B1). The volumetric 

moisture content in the top 20 cm of mineral soils declined throughout the summer sampling period 

and moving from riparian to upland positions, but was generally similar in burned and unburned 

soils (Figure B2).  
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Figure 3.2: Time series of precipitation and discharge from April to October of 2019. Rainfall 
comes from the Cheesman RAWS station (blue), snow water equivalent from the Glen Cove 
SNOTEL station (grey), and stream discharge from the USGS South Platte stream gauge above 
Cheesman Reservoir (black). Water sampling dates are marked by red points.  

3.3.2 Vegetation cover 

 Substrate cover only varied significantly with burn condition in upland positions where O 

horizon cover was lower and mineral soil and char cover were higher in burned compared to 

unburned plots (Figure 3.3a). In burned plots, O horizon cover decreased and mineral soil cover 

increased with distance from stream (Figure 3.3a). Substrate cover did not vary much with 

landscape position in unburned plots. Forb and graminoid cover were generally higher in burned 

plots though statistical significance varied with topographic position (Figure 3.3b). Shrub cover 

was variable, but was significantly higher in burned uplands than unburned uplands (Figure 3.3b). 
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Mean annual NPP, which is a proxy for vegetation N demand, was 5,666 and 4,669 kg C/m2 in 

unburned riparian corridors and uplands and 1,750 and 1,351 kg C/m2 in burned riparian corridors 

and uplands. Thus, unburned forests had three-times greater NPP, and associated vegetation N 

demand, compared to shrub-dominated, burned plots (Figure 3.3b). Unburned uplands were 

dominated by ponderosa pine and Douglas fir though aspen were also found in the toeslopes. There 

were no live conifers in the burned sites though half of the burned toeslopes had some aspen 

regeneration. 

 

Figure 3.3: Mean A) substrate and B) vegetation cover estimates by burn condition and landscape 
position. Biotic materials include moss, lichen, coarse and fine wood, and coarse and fine roots 
and the other category includes rock, scat, and bone. The centerline of the boxplots denote median 
values, the upper and lower limits span the interquartile range, the whiskers include data within 
1.5-times the interquartile range, and the dots beyond the whiskers are outliers. Burn condition 
significance is denoted by * p<0.05, ** p<0.01, ***p<0.001.  

3.3.3 Soil C and N stocks 

 Mean C content ranged from 1.6% to 16% and was an order of magnitude higher in O 

horizon samples compared to mineral soils (Table 3.1). Mean C stocks in the top 5 cm of mineral 
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soils were 2,027 g C/m2 in unburned plots and 1,914 g C/m2 in burned plots. Mineral soil C stocks 

were the highest in toeslope positions and lowest in upland positions (Table 3.1). Total C was 

1,620 g C/m2 lower in burned than unburned uplands when summed across the top 5 cm of mineral 

soils (108 g C/m2 lost) and the O horizon (1,512 g C/m2 lost) which is similar to previously reported 

losses of 1,900 g C/m2 (Bormann et al., 2008).  

Table 3.1: Total C and N content (%) and C and N stocks (g N/m2) for mineral and O horizons. 
Mineral soils stocks were calculated for the top 5 cm and the full O horizon was sampled in 
unburned uplands. 

    Mineral Soil O Horizon   
    Burn  Unburn Unburn   

C Content 

(%) 

Riparian 2.5 3.2 -   
Toeslope 3.1 3.7 -   
Midslope 2.5 3.0 -   
Upland 1.6 1.7 16   

N Content 

(%) 

Riparian 0.14 0.18 -   
Toeslope 0.17 0.19 -   
Midslope 0.14 0.14 -   
Upland 0.08 0.07 0.57 Burn-Unburn % Change 

C Stock  

(g C/m
2
) 

Riparian 1,859 2,028 - -169 -8 
Toeslope 2,649 2,559 - 91 4 
Midslope 2,104 2,368 - -264 -11 
Upland 1,044 1,152 1,512 -108 -9 

N Stock  

(g N/m
2
) 

Riparian 103 119 - -15 -13 
Toeslope 146 133 - 13 9 
Midslope 115 109 - 6 5 
Upland 55 45 55 9 20 

 

 Mean N content ranged from 0.07% to 0.57% and was generally similar in burned and 

unburned mineral soils (Table 3.1). Mean N stocks were 102 g N/m2 in the top 5 cm of unburned 

mineral soils and 105 g N/m2 in burned mineral soils. Mineral soil N stocks were also the highest 

in toeslope positions and lowest in upland positions (Table 3.1). Mineral soil N stocks were 

reduced by 45 g N/m2 in burned uplands when summed across the top 5 cm of mineral soils (10 g 
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N/m2 increase) and O horizon (55 g N/m2 loss) which again is similar to previously reported losses 

of 55 g N/m2 (Bormann et al., 2008).  

3.3.4 Mineral soil inorganic N 

 Mean soil extractable NO3
- concentrations were 1.75 mg/kg in burned mineral soils and 

0.64 mg/kg in unburned mineral soils (Figure 3.4a). While NO3
- concentrations did not vary 

significantly with burn condition (Figure 3.4a). Within burned sites, midslopes had the highest and 

uplands the lowest NO3
- concentrations whereas NO3

- did not vary consistently with topographic 

position in unburned sites (Figure 3.4a). Mean soil extractable NH4
+ concentration did not vary 

significantly with burn condition or topographic position (Figure 3.4b). NO3
- comprised 51% of 

DIN on average in burned mineral soils and 34% in unburned mineral soils. 

 Plant-available NO3
- was generally similar in burned and unburned mineral soils, though 

NO3
- was 2.4-times greater in burned midslopes compared to unburned midslopes over the winter 

deployment period (Figure 3.5a). Plant-available NO3
- was up to 2.8-times greater in the winter 

compared to the summer and did not vary with burn condition in riparian, toeslope, or upland 

positions (Figure 3.5a). Plant-available NH4
+ was higher in burned than unburned soils, with the 

exception of uplands (Figure 3.5b). 
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Figure 3.4: Soil-extractable A) NO3 and B) NH4 concentrations for the top 15 cm of burned 
(orange) and unburned (blue) mineral soil. Data were normalized per kg of dry soil. The centerline 
of the boxplots denote median whereas the open diamond denotes the mean, the upper and lower 
limits span the interquartile range, the whiskers include data within 1.5-times the interquartile 
range, and the dots beyond the whiskers are outliers. Burn condition significance is denoted by * 
p<0.05, ** p<0.01, ***p<0.001.  
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Figure 3.5: Ion exchange resin A) NO3 and B) NH4 availability separated by summer and winter 
deployment periods. This represents inorganic N availability in the top 5 cm of mineral soil and is 
normalized per kg of dry soil per day. Upslope positions only have winter data. The centerline of 
the boxplots denote median values, the upper and lower limits span the interquartile range, the 
whiskers include data within 1.5-times the interquartile range, and the dots beyond the whiskers 
are outliers. Burn condition significance is denoted by * p<0.05, ** p<0.01, ***p<0.001.  

3.3.5 Net N transformations 

 Net ammonification rates were negative or near zero across all landscape positions and 

burn conditions (Figure 3.6). In contrast, net nitrification and mineralization rates were positive in 

all unburned soils and burned uplands (Figure 3.6). Burned soils in lower topographic positions 

* * ** *

* 
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(i.e., riparian, toeslope, and midslope) exhibited negative or near zero nitrification and 

mineralization rates (Figure 3.6). Given the high observed variability, neither ammonification, 

nitrification, nor N mineralization varied significantly with burn condition (p=0.08).  

 

Figure 3.6: Mean net ammonification, nitrification, and N mineralization rates from 14-day 
aerobic laboratory incubations by burn condition and topographic positions.   

3.3.6 Water N concentrations 

 Mean soil water NO3
- concentrations were 0.21 mg/L in burned soils and 0.14 mg/L in 

unburned soils which is much lower than NO3
- concentrations observed in shallow groundwater 

and streamwater (Figure 3.7). Shallow groundwater NO3
- concentrations from the riparian wells 

and nested piezometers were consistently higher in burned (0.64-4.07 mg/L) compared to 

unburned watersheds (0.01-3.42 mg/L) (Figure 3.7b-c). Stream NO3
- concentrations were also 
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consistently higher in burned (0.67-4.25 mg/L) compared to unburned watersheds (0.01-0.59 

mg/L) (Figure 3.7d). Stream, groundwater, and soil water NH4
+ concentrations were very low, 

ranging from 0.005 mg/L (i.e. detection limit) to 0.75 mg/L across all sampling locations and dates.  

 

Figure 3.7: Time series of NO3 concentrations from A) soil water from tension lysimeters (30 cm) 
B) riparian groundwater from wells (1 m), C) hyporheic water (40 and 80 cm) from nested 
piezometers, and D) stream water. Point color varies with burn condition and point symbols varies 
by watershed. Burn condition significance is denoted by * p<0.05, ** p<0.01, ***p<0.001.  

3.4 Discussion 

 Most ecosystems have substantial capacity to store added N in soils and vegetation so N 

losses are an indicator of ecosystem disturbance (Chapin et al., 2011). There is evidence that 

severe wildfire reduces the capacity of forested watersheds to retain atmospheric N inputs. It was 
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estimated that 97% of pre-fire N inputs to forested headwater catchments were retained within 

vegetation and soils, but that value declined to <50% after severe wildfire (Rhoades, Chow, et 

al., 2019). I investigated whether this post-fire loss of N retention capacity was the product of 

elevated soil N pools and net N transformation rates (Kurth et al., 2014) or lower plant demand 

(Rhoades, Chow, et al., 2019) in order to improve our understanding of long-term ecosystem 

resilience when extreme fire behavior and climatic conditions inhibit vegetation recovery.  

3.4.1 Post-fire soil N supply 

  Ecosystem C and N stocks control terrestrial productivity (Chapin et al., 2011) and 

can be substantially reduced by high severity fire (Bormann et al., 2008). There was evidence of 

large C and N losses from O horizon combustion (~1,500 g/m2 and 50 g/m2 of C and N 

respectively) and erosion (7-225 g/m2 and 0.3-11 g/m2 of C and N over 4 post-fire years) (Pierson 

et al., 2019) after the Hayman fire. However, the C and N stocks were similar in burned and 

unburned mineral soils (Table 3.1) potentially because mineral soils have a higher heat capacity 

than O horizons, making them less susceptible to combustion losses (Neary et al., 1999). Mineral 

soil C stocks were only reduced by 6%, on average, which is similar to the 11% reductions reported 

in a meta-analysis of 57 fires (Nave et al., 2011). Conversely, I saw a 5% increase in mineral soil 

N stocks post-fire. While this finding differs from previously reported 12% reductions (Nave et 

al., 2011), it is not entirely surprising. Combustion losses of N from severe fire are generally small 

relative to total pre-fire stocks (Page-Dumroese & Jurgensen, 2006) and soil N retention can 

increase after fire due to the incorporation of N into microbial biomass (Xu et al., 2022). C:N ratios 

were also similar in burned (19:1) and unburned (23:1) mineral soils. In the absence of underlying 

differences in substrate quality, net N mineralization rates did not differ between burned and 

unburned mineral soils (Figure 3.6).   
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 Observed nitrification rates, and consequently soil NO3
- concentrations, were also similar 

in burned and unburned soils (Figures 3.4 and 3.6). While fire can stimulate nitrification (DeLuca 

& Sala, 2006; Kurth et al., 2014) through increased NH4
+ (Hanan et al., 2016), favorable abiotic 

conditions (i.e., soil temperature and moisture) (Bauhus et al., 1993; Hanan et al., 2016), and the 

presence of alkaline char and ash (Bauhus et al., 1993; DeLuca & Sala, 2006), these effects are 

generally short-term (Covington & Sackett, 1992; Grogan et al., 2000; Raison, 1979; Wan et al., 

2001a). Observed soil NH4
+ concentrations (0.23-3.4 mg/kg) were much lower than other values 

reported immediately post-fire (<33 mg/kg, Turner et al., 2007) and were similar in burned and 

unburned mineral soils (Figure 3.4). Likewise, soil pH was similar in burned and unburned soils 

and therefore did not have a distinctive impact on nitrification. However, N transformation rates 

have been shown to decrease with time since fire in mineral soils, but increase with time in O 

horizons (Yermakov & Rothstein, 2006). While there may be unmeasured post-fire increases in O 

horizon nitrification, mean O horizon depths were only 0.5 cm in burned plots compared to 12 cm 

in unburned plots suggesting that these potential increases would be relatively small when scaled 

by area. 

 Overall, I found similar total C and N stocks, inorganic N concentrations, and N 

transformations rates (i.e., N mineralization and nitrification) in burned and unburned mineral soils 

(Figures 3.4-3.6). Together, these results demonstrate that there are no lasting changes to soil 

inorganic N supply 17 years after severe wildfire, corroborating numerous other studies that 

demonstrate only short-term soil N responses (Covington & Sackett, 1992; Grogan et al., 2000; 

Raison, 1979; Wan et al., 2001a).  
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3.4.2 Evidence of persistent plant-mediated NO3
- losses 

 Following fire, mineral N that is not taken up by plants or microbes is either eroded and 

deposited downslope as N-rich soil or ash (Grogan et al., 2000; Lane et al., 2008; Pierson et al., 

2019) or leached through soils to hillslope groundwater in the mobile, dissolved form, NO3
- 

(Gresswell, 1999; Turner et al., 2007). While particle-associated fractions dominate N exports 

immediately post-fire (Lane et al., 2008), these contributions decline sharply within 2 years post-

fire due to reduced sediment delivery (Pierson et al., 2019). However dissolved NO3
- tends to have 

a slower recovery, likely due to elevated nitrification or persistent leaching (Lane et al., 2008, 

Rhoades et al., 2019). Indeed, stream NO3
- concentrations were 10-times higher in burned 

compared to unburned watersheds 17 years post-fire (Figure B3). This pattern has been consistent 

throughout 15 years of post-fire monitoring and across flow states (Rhoades et al., 2011a; Rhoades, 

Chow, et al., 2019). However, N supply did not differ between burned and unburned mineral soils 

(Figures 3.4-3.6). 

 In the absence of differences in soil N supply, I explored the links between plant uptake 

and N losses. I characterized the relationship between NO3
- concentration and streamflow over 

time in order to better understand watershed-scale patterns of N production and transport (Arora 

et al., 2020; Creed et al., 2015; Godsey et al., 2009). In the unburned watersheds, stream NO3
- 

concentration decreased linearly with increased stream stage (Figure 3.8). This source-limitation 

is associated with depletion of a finite resource (i.e., NO3
-) or mixing with dilute waters (Basu et 

al., 2011; Godsey et al., 2009). This pattern is typical of N-limited watersheds with high vegetation 

or microbial uptake that limits inorganic N export (Shogren et al., 2021). Most undisturbed forests 

are N-limited (Schlesinger & Bernhardt, 2013) and high vegetation N demands (Figure 3.3b) limit 

NO3
- export. In contrast, stream NO3

- varied little with increasing stream stage in the burned 
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watersheds (Figure 3.8), demonstrating a chemostatic behavior that is associated with the storage 

and slow release of legacy solutes after limited biogeochemical processing (Basu et al., 2011). I 

use the term legacy with specific reference to hydrologic legacy where dissolved solute transport 

is delayed in its transition to the stream due to slow groundwater transport pathways (Van Meter 

& Basu, 2015). I propose that the shift I observed from source-limitation in unburned watersheds 

to chemostatic behavior is driven by N storage in the shallow groundwater of burned watersheds. 

Groundwater NO3
- concentrations were four-time higher in burned watersheds (Figure B3) and 

were inversely related to NPP (Figure 3.9) and by extension, plant demand. Based on NPP at the 

time of this study, plant N demand in burned areas was roughly 30% of that in unburned forest 

vegetation (Figure 3.3b). This NPP estimate is consistent with earlier remotely-sensed surveys of 

post-fire vegetation greenness for the Hayman fire that indicated burned areas had recovered to 

within 25% of the pre-fire NDVI (Rhoades, Chow, et al., 2019) and further supports the link 

between reduced plant nutrient demand and high NO3
- export in burned watersheds.  

 Elevated stream NO3
- will likely persist until the legacy stores of groundwater NO3

- are 

substantially depleted (Basu et al., 2010). Within the context of this study, post-fire groundwater 

NO3
- appears to be driven by reduced vegetation demand so regeneration would have to occur at 

the landscape-scale in order to mitigate NO3
- losses to groundwater. However, post-fire 

regeneration is slow, particularly in dry conifer forests (Chambers et al., 2016; Rother & Veblen, 

2016; Stevens-Rumann et al., 2018). This is driven in part by increasing climate water deficits that 

have created unfavorable post-fire growing conditions and limited seedling recruitment in the 21st 

century (Coop et al., 2020; Stevens-Rumann et al., 2018). Furthermore, large, severe wildfires can 

limit post-fire recruitment by extending the distance to seed sources (i.e., >50 m) (Chambers et al., 

2016; Rother & Veblen, 2016). As a result, large high severity patches have little to no ponderosa 
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pine regeneration, even 10 years post-fire (Chambers et al., 2016; Rother & Veblen, 2016) and this 

trend of poor regeneration is expected to worsen as the occurrence of high severity fire increases 

across the Western US (Parks & Abatzoglou, 2020).  

 

Figure 3.8: Relations between stream NO3
- concentrations and stream stage throughout the 

summer of 2019. Burned watersheds include Fourmile (B1) and Brush (B2) whereas unburned 
watersheds include Turkey (U1) and Gunbarrel (U2). 
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Figure 3.9: Relationship between annual NPP and mean summer NO3 concentration for shallow 
groundwater (triangles and circles) and streams (squares).  

 While landscape-scale vegetation recovery may be hard to achieve after large, high severity 

fires, riparian restoration offers an opportunity for targeted NO3
- mitigation. After insect 

infestation killed 50-60% of the trees in a forested watershed, significant NO3
- losses accumulated 

in soil water and hillslope groundwater (Biederman et al., 2016). However, N removal in riparian 

zones and streams significantly reduced exports such that only 13-16% of hillslope losses were 

measured in streams (Biederman et al., 2016). Previous work at the Hayman fire demonstrated 

elevated in-stream N demand in burned watersheds 15 years post-fire, but terrestrial N supply 
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greatly exceeded in-stream demand (Rhea et al., 2021). This demonstrates the limited capacity for 

stream retention and highlights riparian zones as strategic locations to target for post-fire 

restoration. This concurs with previous work that called for targeted tree planting in exposed 

headwater riparian zones (Rhoades, Chow, et al., 2019) and I also suggest prioritizing restoration 

that enhances hydrologic connection, variable redox conditions, and slow residence times to 

maximize NO3
- reductions (Fennessy & Cronk, 1997; Gift et al., 2010; McClain et al., 2003; Vidon 

& Hill, 2004). Width is a dominant factor controlling riparian buffer effectiveness (Fernández et 

al., 2012; Phillips, 1989) and the extent of wide valley bottoms will likely be limited in steep, 

confined headwaters. While nitrate removal is generally the greatest in the first 10-15 m of the 

riparian zone, larger buffer widths are required to efficiently remove nitrate in watersheds with 

steep slopes and high nitrate loading (Fennessy & Cronk, 1997; Fischer & Fischenich, 2000; 

Sabater et al., 2003; Vidon & Hill, 2004) such as the watersheds included in this study. For riparian 

restoration projects aimed at water quality protection (i.e., nitrate removal), the suggested 

minimum riparian buffer width varies from 20 – 40 m (Fennessy & Cronk, 1997; Fischer & 

Fischenich, 2000; Hansen et al., 2010) so using a conservative threshold of 40 m, I found that 15-

88% of the stream networks in this study were wider than than 40 m indicating they could be 

suitable for riparian restoration (Figure B4). Furthermore, restoration should target long, 

continuous riparian buffers in headwater positions (Figure B5) to maximize buffering potential 

(Fischer & Fischenich, 2000). As large, severe disturbances become more common, this targeted 

restoration will be a critical tool to increase watershed N retention capacity.  

3.5 Conclusions 

 Stream N has remained elevated after the Hayman fire (Rhoades, Chow, et al., 2019) and 

other fires in the western US (Rust et al., 2018; Smith et al., 2011) for years to decades indicating 
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consistent changes in ecosystem N cycling. This study aimed to determine if post-fire stream NO3
- 

exports were driven primarily by higher soil N supply or decreased plant demand. I found no 

evidence that soil N supply was higher along burned hillslopes 17 years after the Hayman Fire. 

Conversely, I found elevated NO3
- concentrations in shallow groundwater along burned hillslopes 

which is consistent with their low forest cover and plant N demand. These findings indicate that 

slow regeneration limits the capacity of burned watersheds to store N.  While landscape-scale 

vegetation recovery will be required to attenuate NO3
- losses to groundwater, riparian restoration 

may offer an opportunity for targeted NO3
- mitigation. 
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4. Use of Geostatistical Models to Evaluate Landscape and Stream Network Controls on 

Post-Fire Stream Nitrate Concentrations  

 
4.1 Introduction 

 Wildfires are a natural part of many forested ecosystems, but the frequency and severity of 

wildfires has been increasing across the Western US  (Abatzoglou et al., 2017; Westerling, 2016). 

Elevated wildfire activity can threaten the function of critical forested watersheds that supply clean 

water to much of the Western US (Brown et al., 2008). Nitrogen (N) typically limits plant growth 

so N export often indicates ecosystem disturbance and shifts in nutrient supply and demand 

(Chapin et al., 2011). Short-term (<5 years) increases in stream nitrate (NO3
-) have been 

documented following wildfires across the Western US  (Rust et al., 2018; Smith et al., 2011) due 

to elevated soil N mineralization and leaching (Smithwick et al., 2009; Turner et al., 2007; Wan et 

al., 2001a). In some cases, stream NO3
- can remain elevated for decades and has been shown to 

decrease with post-fire vegetation cover (Rhoades, Chow, et al., 2019; Rust et al., 2019) and 

increase with burn extent (Rhoades, Chow, et al., 2019). These results suggest that a lack of 

vegetation recovery is likely a dominant driver of persistent post-fire NO3
- export, but this 

relationship remains poorly understood.  

 The interaction of vegetation cover, watershed structure, and stream network geometry 

regulates watershed solute export (Abbott et al., 2021; Covino et al., 2021; Creed & Beall, 2009; 

Likens & Bormann, 1974; Lovett et al., 2002; Shogren et al., 2021; Zarnetske et al., 2018). 

Watershed structure is the spatial arrangement of divergent and convergent hillslopes across the 

landscape (Baiamonte & Singh, 2016; Jencso et al., 2010). Divergent hillslopes are convex and 

contribute little flow to the stream, whereas convergent hillslopes concentrate hydrologic 

flowpaths and contribute large inputs to channel networks (Detty & McGuire, 2010). In headwater 
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positions, water and solutes are primarily derived from shallow groundwater contributions from 

adjacent hillslopes (Covino et al., 2021; Gomi et al., 2002; Likens & Bormann, 1974) whereas 

upstream sources increasingly dominate water composition in lower network positions (Vannote 

et al., 1980). Therefore, headwaters are particularly sensitive to disturbance in the surrounding 

uplands (Lowe & Likens, 2005) and contributions to the stream in these locations have the 

potential to exert strong control on downstream solute concentrations (Abbott et al., 2018; 

Alexander et al., 2007; Wohl, 2017).  

 To better understand the spatial patterns in post-fire water chemistry, I consider both 

conservative and reactive solutes. Conservative solutes, such as sodium (Na+), have low biological 

demand (Dingman, 2015; Stream Solute Workshop, 1990) and thus are primarily driven by 

physical transport processes (Webster & Valett, 2006) and watershed geophysical properties 

(Brennan et al., 2016; French et al., 2020; McGuire et al., 2014).  In contrast, biologically active 

solutes such as NO3
- are controlled by interactions between hydrologic transport and biological 

uptake (Bernhardt et al., 2003, 2005). In particular, forest cover can be a primary control on NO3
- 

export at the watershed scale (Bormann & Likens, 1967; Likens et al., 1970).  

 Statistical models can be used to partition the spatial variance in stream Na+ and NO3
- 

among landscape (i.e., topographic, vegetation, and fire predictors) and stream network (i.e., flow-

connected distance) characteristics. Multiple linear regression (MLR) modeling can be used to 

determine the relative influence of specific landscape characteristics on spatially distributed solute 

concentrations (Cho & Lee, 2018; McManus et al., 2020), but this approach assumes independence 

of sampling locations. Geostatistical modeling approaches, such as spatial stream network (SSN) 

models, are better suited to differentiate landscape from stream network attributes since they 

account for spatial autocorrelation of flow-connected samples and the dendritic and unidirectional 
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nature of stream networks (Ver Hoef et al., 2014; Isaak et al., 2014; Peterson & Ver Hoef, 2010). 

I paired spatially distributed water chemistry sampling with terrain analysis and vegetation and 

fire mapping to address the following objectives: 1) examine the degree to which topographic, 

vegetation, and fire variables predict stream Na+ and NO3
- across spatial scales and 2) evaluate the 

performance of MLR and SSN models in predicting stream solute concentrations. To my 

knowledge, this study is the first to use geostatistics to investigate the drivers of elevated post-fire 

stream NO3
-.  

4.2 Methods 

4.2.1 Site description 

 In 2002, the Hayman Fire burned more than 554 km2 of ponderosa pine (Pinus ponderosa) 

and Douglas-Fir (Pseudotsuga menziesii) forest in the Pike San Isabel National Forest (Graham, 

2003) (Figure 4.1). This was one of the largest wildfires in Colorado’s recorded history and 35% 

of the fire burned at high severity (P. Robichaud et al., 2003). The fire burned the contributing area 

of Cheesman Reservoir, a primary drinking water supply to the city of Denver (Graham, 2003). In 

combination, the 2002 Hayman and 1996 Buffalo Creek fires cost Denver’s public water utility 

tens of millions of dollars on water quality treatment, sediment and debris removal, and 

reclamation (Hall, 2017). Watersheds within the Hayman Fire burn perimeter receive an annual 

average of 40 cm of precipitation (WRCC, 2021) and 60-75% of that comes from summer 

monsoonal rains (Wilson et al., 2018). Mean elevation within the fire perimeter is 2462 m which 

is within the intermittent snow zone that does not maintain snow cover throughout the winter 

(Richer et al., 2013). The parent material underlying the study area is dominated by Pike’s Peak 

Formation granite (Ruleman et al., 2011) which weathers to form coarse, sandy loam soils (Cipra 
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et al., 2003). Ambient Na+ concentrations are relatively low in granitic basins in the study area. 

There were no reported post-fire increases in stream Na+ and measured post-fire increases in other 

geochemical ions (i.e., calcium, acid neutralizing capacity, and conductivity) recovered to pre-fire 

levels 2 years after the Hayman Fire (Rhoades et al., 2011b). 

 

Figure 4.1: Sampling locations within the study watersheds affected by the 2002 Hayman Fire, 
Colorado, USA. Water chemistry samples (n=71) were collected in June 2018 and symbol size at 
each sampling point increases with stream NO3

- concentration.  

 The nine study watersheds ranged in size from 3.2 to 35.4 km2, slope from 17-38%, and 

elevation from 2284-2694 m (Table 4.1). At the time of sampling, 16 years after the fire, mean 

normalized differenced moisture index (NDMI) was the lowest in Brush (-0.13) and highest in 

Gunbarrel (-0.02) where burn extents were 71 and 18% respectively (Tables 4.1-4.2). Burn extent 

varied from 1-90% across the watersheds, but seven of them had more than half of their 
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contributing area burned and 36-64% of that burned at high severity (Table 4.2). Patch density was 

high which is consistent with a mixture of fire severity classes. High severity patches, defined by 

complete canopy consumption, generally had the largest patch size and radius (Table 4.2), 

suggesting that post-fire pine reestablishment may be limited in high severity areas (Chambers et 

al., 2016).  

Table 4.1: Physical characteristics and solute concentrations of each study watershed for samples 
collected in June 2018.  

  Physical Characteristics Solute Concentrations 

Watershed 

Outlet Mean 

Slope  

Mean 

Elev.  

Mean 

NDMI 

----------- NO3
- ----------- ------------- Na+ ------------ 

UAA mean (cv) min-max mean (cv) min-max 

(km²) (%) (m) ( )  (mg/L) (mg/L) (mg/L) (mg/L) 

Fourmile 18.8 26 2441 -0.11 1.14 (1.28) 0.17-6.23 6.38 (0.26) 4.95-10.88 

East Twin 3.2 30 2640 -0.06 0.88 (1.07) 0.005-2.21 6.46 (0.08) 5.77-6.91 

West Twin 3.3 38 2694 -0.05 0.55 (0.88) 0.08-0.97 7.61 (0.15) 6.13-8.8 

West Turkey 22 25 2523 -0.08 0.88 (0.22) 0.71-1.07 7.73 (0.01) 7.68-7.82 

East Turkey 35.4 17 2571 -0.08 0.29 (0.23) 0.19-0.38 6.78 (0.03) 6.48-7.13 

Brush 6.1 28 2277 -0.13 3.06 (0.65) 0.28-5.63 6.23 (0.42) 4.71-12.96 

Pine 9.3 35 2516 -0.06 0.23 (0.80) 0.005-0.63 8.40 (0.36) 3.89-13.11 

Gunbarrel 12.3 27 2361 -0.02 0.16 (0.66) 0.03-0.30 7.80 (0.07) 6.74-8.18 

Kelsey 12.1 22 2284 -0.04 0.56 (1.06) 0.01-1.92 8.94 (0.11) 7.56-10.86 

Note: UAA is upslope accumulated area, NDMI is the average normalized differenced moisture 
index in June 2018, and cv is the coefficient of variation. 
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Table 4.2: Burn metrics by severity for each study watershed. These metrics represent immediate 
fire impacts by differencing one pre-fire (8/24/2001) and one post-fire (8/14/2003) Landsat image 
and severity is classified according to MTBS thresholds (Eidenshink et al., 2009). 

Watershed 

Burn Extent  Mean Patch Size / Mean Patch Radius 
Patch 

Density Low Moderate High Unburned Low Moderate High 

(%) (%) (%) (ha / m) (ha / m) (ha / m) (ha / m) (#/100 ha) 

Fourmile 8 17 64 2 / 29 1 / 22 1 / 32 18 / 53 42 
East Twin 10 22 57 1 / 21 1 / 23 1 / 38 13 / 63 44 
West Twin 12 26 51 1 / 39 1 / 27 1 / 42 10 / 73 56 

West Turkey 13 20 46 3 / 41 0 / 23 1 / 37 11 / 67 59 
East Turkey 12 17 45 4 / 37 0 / 23 1 / 34 11 / 72 56 

Brush 11 23 38 4 / 40 0 / 23 2 / 41 8 / 49 50 
Pine 7 16 36 8 / 43 0 / 20 1 / 40 21 / 98 31 

Gunbarrel 6 6 6 73 / 130 0 / 20 1 / 28 5 / 79 24 
Kelsey 1 0 0 597 / 758 0 / 8 1 / 26 1 / 72 6 

 

4.2.2 Stream sampling 

 To capture a gradient of disturbance and quantify the spatial variability of post-fire stream 

Na+ and NO3
-, I sampled stream water roughly every 800 meters along the mainstems of the study 

watersheds (Figure 4.1). This distance was selected to ensure a consistent sampling interval that 

maximized the number of samples collected per watershed but would allow us to complete 

watershed sampling within one day. Low-flow conditions were stable and there were no 

precipitation events during the sampling period (6/1/2018-6/7/2018). Previous research at the 

Hayman Fire demonstrated that patterns of elevated stream NO3
- in severely burned watersheds 

persist across flow conditions (Rhoades, Chow, et al., 2019) so the June sampling date should be 

broadly representative. All stream samples from a given watershed were collected within a single 

day in pre-washed 1 L high-density polyethylene bottles moving in the upstream direction. 

Samples were immediately filtered with 0.45 µm polyvinyl diethylene filters (MilliporeSigma, 

Burlington, MA) and analyzed for concentrations of stream Na+ and NO3
- using ion 

chromatography (Dionex ICS-3000, Waltham, MA and Waters 580, Sunnyvale, CA). Detection 
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limits for both Na+ and NO3
- were 0.01 mg/L; any concentrations below that were replaced with 

½ the detection limit. 

4.2.3 Geospatial analysis 

 I conducted a terrain analysis to characterize the underlying watershed structure. First, flow 

direction was derived from a 10-m digital elevation model (DEM) (U.S. Geological Survey, 2018) 

using the multiple triangular flow direction algorithm (Seibert & McGlynn, 2007). Watershed 

contributing areas were delineated and upslope accumulated area (UAA) was calculated for all 

sampling points (0.32 – 35.4 km2) using the openSTARS package (Peterson & Ver Hoef, 2014) in 

R Studio. I summarized topographic, vegetation, and fire variables as means and proportional 

extents within the contributing areas for each sampling location (Table 4.3). 

 Topographic metrics included watershed area, mean slope, mean elevation, riparian extent, 

and mean topographic wetness index (TWI) (Table 4.3). Slope, elevation, and TWI were derived 

from the 10-m DEM using Whitebox tools (Lindsay, 2020; Wu, 2021) and summarized as 

watershed means. I used a physical definition of the riparian corridor that included pixels <2 m 

above the stream surface elevation (sensu Jencso et al., 2010) and calculated riparian extent as the 

total riparian corridor area divided by UAA of each sampling point. This approach differs from an 

earlier estimate of the extent of riparian vegetation in these watersheds (Rhoades, Chow, et al., 

2019). 

 I characterized vegetation condition using normalized differenced vegetation index 

(NDVI), normalized differenced moisture index (NDMI), and enhanced vegetation index (EVI). I 

obtained mean June 2018 vegetation indices from Landsat using Climate Engine (Huntington et 

al., 2017) to match the vegetation characterization with the timing of stream sampling. I also 
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included 2018 fractional land cover estimates derived from satellite imagery that was extensively 

calibrated across the Western US and estimated the proportion of each Landsat pixel covered by 

trees, shrubs, and bare ground (Allred et al., 2021).  

Table 4.3: Watershed predictor variables that were summarized for the contributing area to each 
sampling point. Pearson correlation coefficients were calculated between each predictor variable 
and Na+ or NO3

-. Vegetation metrics represent current conditions (i.e., June 2018) whereas fire 
metrics represent immediate post-fire condition (i.e., August 2003). Variables marked with a ˣ were 
removed prior to linear mixed model selection due to strong correlation (>0.90) with another predictor 
variable. Coefficients depicted in grey identify variables removed during linear mixed model selection; 
those in black were retained for subsequent modeling.  

  Variable 
Summary 

Statistic 
Data Source 

Correlation 

Coefficient 

  Na+ NO3
-  

Topographic  Watershed 
area 

value at sampling 
point 

Whitebox flow accumulation 
tool 0.12 -0.03 

Slope watershed mean Whitebox slope tool 0.27 -0.32 

Elevation watershed mean 10-m digital elevation model -0.23 -0.27 
Riparian 
extent 

% of watershed 
area 

Whitebox elevation above 
stream tool 0.24 -0.01 

TWI watershed mean Whitebox twi tool -0.33 0.14 
Vegetation Tree cover watershed mean Rangeland Analysis Platform 0.15 -0.5 

Shrub cover watershed mean Rangeland Analysis Platform -0.24 0.15 
Bare ˣ watershed mean Rangeland Analysis Platform -0.12 0.44 
NDMI watershed mean Climate Engine 0.09 -0.67 
NDVI ˣ watershed mean Climate Engine 0.05 -0.64 
EVI ˣ watershed mean Climate Engine -0.02 -0.62 

Fire 
Burn extent  

% of watershed 
area MTBS -0.24 0.43 

dNBR ˣ watershed mean MTBS -0.26 0.37 
Note: TWI: topographic wetness index, Bare is bare ground cover; NDMI: normalized differenced 
moisture index, NDVI: normalized differenced vegetation index, EVI: enhanced vegetation index, dNBR: 
differenced normalized burn ratio, and MTBS: monitoring trends in burn severity database. 

 Mean differenced normalized burn ratio (dNBR, a measure of burn severity) and burn 

extent were calculated for the area contributing to each sampling point. These fire metrics represent 

immediate post-fire impacts by differencing one pre-fire (8/24/2001) and one post-fire (8/14/2003) 

Landsat image. dNBR was then classified into categorical burn severity as follows:  -150-140 

unburned; 140-211 low severity; 211-350 moderate severity, 350-953 high severity (Eidenshink 
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et al., 2009). Low severity fire tends to leave tree canopies largely unaltered whereas high severity 

fire typically causes complete consumption of surface organic matter and canopy foliage (Parsons 

et al., 2010). Wildfire severity varies spatially across topographic, vegetation (i.e., fuel 

composition, arrangement, condition), and weather gradients (Taylor et al., 2021) which creates 

mosaics of post-fire vegetation structure and composition that vary at scales finer than mapped 

severity patches (Lentile et al., 2007). To characterize the spatial burn patterning of each 

watershed, I calculated burn extent, patch size, patch radius, and patch density by severity (Table 

4.2). Burn extent reflects the proportion of watershed area that was burned by each severity class. 

All patch metrics were calculated with the landscape metrics package (Hesselbarth et al., 2019) in 

R Studio which defines contiguous cells belonging to the same burn severity class. For each 

watershed, I determined patch area and calculated patch radius as the mean distance from each cell 

in a patch to its centroid, and patch density as the number of patches divided by watershed UAA.    

4.2.4 Statistical modeling 

 I used statistical models to evaluate the degree to which topographic, vegetation, and fire 

variables and flow-connected distance control post-fire stream water chemistry – specifically, 

concentrations of Na+ and NO3
-. Concentration data were log-transformed to improve normality 

and a correlation analysis removed redundant predictor variables with a correlation >0.90 (Figure 

4.2, Table 4.3). To identify the top-performing Na+ and NO3
- models, I went through a two-step 

model selection process (sensu McManus et al., 2020; Rodríguez-González et al., 2019). First, I 

identified which landscape characteristics best predicted stream Na+ and NO3
- using linear mixed 

model selection (Table C1). The Na+ and NO3
- models with the lowest maximum likelihood 

estimate of Akaike’s Information Criteria (AIC) then progressed to the second phase of model 

selection where I compared spatial autocorrelation approaches. I initially ran multiple linear 
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regression (MLR) models which use landscape characteristics to predict observed water chemistry 

at each sampling location. The predictor variables are spatially explicit given that they characterize 

the area contributing to a specific sampling point, but MLR models assume independence between 

stream water samples. I then compared MLR models to spatial stream network (SSN) models that 

jointly consider landscape and stream network characteristics. This approach captures spatial 

effects beyond those directly attributable to predictor variables by accounting for flow-connection 

(Isaak et al., 2014). MLR and SSN model performance was compared through iterative leave-one-

out cross-validation. Observations at sampling points were removed one at a time and the model 

was used to predict each of the removed values along with the prediction standard error (Ver Hoef 

& Peterson, 2020). The model with the lowest AIC and root mean square prediction error 

(RMSPE) was selected for subsequent analyses.  

  To build SSN models, stream sampling locations were incorporated into a 

landscape network (LSN) to characterize network geometry (Peterson & Ver Hoef, 2014) using 

the openSTARS package (Kattwinkel & Szöcs, 2020). The additive function quantified the 

proportional influence of each stream segment (Ver Hoef & Peterson, 2020) and calculated 

distance matrices between all sampling points. I used a tail-up autocovariance structure to restrict 

the modeling to flow-connected distance, which is only measured between points with an 

upstream-to-downstream connection (Isaak et al., 2014; Peterson & Ver Hoef, 2010). This distance 

metric is better suited for stream network studies than straight-line Euclidean distance because it 

characterizes downstream transport and longitudinal connectivity of dissolved solutes (Peterson & 

Ver Hoef, 2010). I then modeled an empirical semivariogram and derived 3 associated parameters 

– the nugget, sill, and range. Empirical semivariograms quantify the variation between samples 

(i.e., stream Na+ or NO3
- concentrations) as a function of distance between sampling points (Ganio 
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et al., 2005). Positive autocorrelation occurs when semivariance is smaller (i.e., measurements are 

more similar) near the origin and increases at greater lag distances. In some cases, the 

semivariogram will reach an inflection point at a given lag distance (‘range’) where semivariance 

begins to flatten out (‘sill’). Samples are considered uncorrelated at distances greater than the range 

and the sill represents the dissimilarity of the uncorrelated data (Isaak et al., 2014). The nugget 

describes spatial variation at scales smaller than the minimum sampling interval (i.e., ≤52 m in 

this study).  

 

Figure 4.2: Pearson correlation matrix between all potential predictor and response variables. 
The black box highlights correlations between the predictor variables and stream Na+ and NO3

-, 
both of which were log-transformed. Everything beyond the black box represents correlations 
among predictor variables.  
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Note: Area is watershed area, Slope is mean watershed slope, Elev is mean watershed elevation; 
Rip is riparian extent, TWI is mean topographic wetness index, Tree is mean tree cover (%), Shrub 
is mean shrub cover (%), Bare is mean bare ground cover (%), NDWI is mean normalized 
differenced water index, NDVI is mean normalized vegetation index, EVI is mean enhanced 
vegetation index, Burn is burn extent (%), dNBR is mean differenced normalized burn ratio, and 
both stream NO3

- and stream Na+ concentrations are log-transformed (mg/L).  

4.2.5 Longitudinal patterns across two watersheds with inverse burn patterns 

 Finally, I used kriging to interpolate stream NO3
- concentrations along the mainstems of 

two paired watersheds and compared spatial NO3
- patterns to continuous measures (i.e., every 10 

m) of hydrologic inputs and the vegetation condition of those inputs. These two watersheds had 

similar contributing areas (6.1 and 9.3 km2, Table 4.1) and were extensively burned (i.e., >50% of 

UAA burned). For both watersheds, patch density was high and fire severity was mixed equally 

among burn severity classes (Table 4.2). However, the headwaters were severely burned in Brush 

Creek and unburned in Pine Creek (Figure 4.1). I distributed 3,000 equally spaced prediction points 

along the geomorphic channel networks of each watershed, delineated the contributing area of 

each prediction point, and calculated topographic, vegetation, and fire predictor variables (see 

section 2.3). I also calculated the flow-connected distance between all observed and prediction 

locations. The NO3
- SSN model then predicted NO3

- concentration and standard error at each 

location based on both landscape characteristics (i.e., watershed area, riparian extent, mean TWI, 

and mean NDMI) and flow-connected distance. I then calculated the relative lateral input (LI) as 

the incremental downstream increase in contributing area relative to the total contributing area 

(i.e., Relative LI = (𝑈𝐴𝐴𝑐𝑒𝑙𝑙(𝑛) –  𝑈𝐴𝐴𝑐𝑒𝑙𝑙(𝑛−1)) 𝑈𝐴𝐴𝑐𝑒𝑙𝑙(𝑛)⁄ ). Because stream discharge scales 

with contributing area (Bergstrom et al., 2016), this metric reflects the contribution of hillslope 

water relative to mainstem flow. Finally, mean NDMI was calculated for the discrete lateral input 

(LI) contributing to each 10-m stream cell using the same June 2018 NDMI image described in 
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section 2.3. I also resampled the paired watersheds in June of 2019 at a 300 m resolution to assess 

the accuracy of the NO3
- SSN predictions with observed values.  

4.3. Results 

4.3.1 Stream Na+ and NO3
- concentrations 

 Observed stream Na+ concentrations ranged from 3.9-13.1 mg/L (Figure C1), with an 

average concentration of 7.3 mg/L which is similar to the pre-fire average of 6.1 mg/L reported in 

these granitic basins (Rhoades et al., 2011b). Kelsey had the highest and Brush had the lowest 

mean stream Na+ concentration whereas Brush had the highest and West Turkey had the lowest 

coefficient of variation (Table 4.1). Observed stream NO3
- concentrations varied by three orders 

of magnitude (0.005 – 6.2 mg/L) and average stream NO3
- concentration was 0.91 mg/L which is 

five times greater than pre-fire concentrations (0.18 mg/L) (Rhoades, Chow, et al., 2019). Brush 

watershed had the highest (3.06 mg/L) and Gunbarrel the lowest (0.16 mg/L) mean NO3
- 

concentration whereas Fourmile had the greatest and West Turkey the lowest coefficient of 

variation (Table 4.1). The coefficient of variation was consistently higher for stream NO3
- (Table 

4.1) indicating greater within-watershed variability in stream NO3
- compared to Na+. 

4.3.2 Landscape controls on Na+ and NO3
- 

 Topographic, vegetation, and fire predictor variables were weakly correlated (≤0.33) with 

log[Na+] (Table 4.3). Linear mixed model selection identified watershed area, slope, riparian 

extent, TWI, and tree and shrub cover as the best predictors of log[Na+] (Table C1). Stream Na+ 

was related positively to watershed area, slope, riparian extent, and tree cover, and negatively to 

TWI, and shrub cover (Figure 4.2). All watershed predictors were significant in the Na+ MLR 

model and together explained 54.4% of the variance in log[Na+] (Table 4.4). Predictor variables 
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explained 45% of the variance in log[Na+] in the Na+ SSN model and all predictors except 

watershed area were significant (Table 4.4).  

Table 4.4: Summary of spatial stream network (SSN) and multiple linear regression (MLR) 
models that predict log-transformed stream Na+ and NO3

- concentrations. Parameter estimates 
represent the regression coefficient, which is the change in the response variable based on a 1-unit 
change in the predictor variable while holding all other variables constant. Statistical significance 
of predictor variables is denoted with symbols *=0.05, **=0.01, ***=0.001. Variance 
decomposition assigns variance in Na+ or NO3

- to watershed predictor variables, flow-connected 
autocorrelation, and unexplained variance. MLR models do not account for flow-connected 
autocovariance. Model performance metrics come from iterative leave-on-out cross-validation. 
 
    Na+ Models   NO3

- Models 

   SSN MLR   SSN MLR 

Parameter 
Estimates 

Watershed Area   0.008          0.012 **  -0.03 -0.04 * 

Slope 0.090 *** 0.104 ***  - - 

Elevation - -  - - 

Riparian Extent 0.100 ** 0.106 ***       0.32         0.29  

TWI 0.651 * 0.813 ***  1.33 * 0.91 * 

Tree cover -0.02 *** -0.018 ***  - - 

Shrub cover -0.115 *** -0.111 ***  - - 

NDMI - -  -17.64 *** -17.37 *** 

Burn extent - -  - - 

Variance 
Components 

(%) 

Predictor variables 45.0 54.4   36.0 51.4 
Flow-connected distance 53.1 -  41.5 - 
Total explained 98.1 54.4  77.5 51.4 
Unexplained 1.9 45.6   22.5 48.6 

Model 
Performance 

AIC -55.35 -34.29   210 212 

RMSPE 0.165 0.205   1.00 1.07 
Note: TWI is topographic wetness index, NDMI is normalized difference moisture index, AIC is 
Akaike’s information criteria, and RMSPE is root mean square prediction error.  
 

 Fire and vegetation variables generally had stronger correlations (0.15-0.67) with log[NO3
-

] than topographic variables (0.03 – 0.32) (Table 4.3). Linear mixed model selection identified 

watershed area, riparian extent, TWI, and NDMI as the best predictors of log[NO3
-] (Table C1). 

Stream NO3
- was positively related to riparian extent and TWI, but negatively related to watershed 

area and NDMI (Figure 4.2). Mean NDMI had the strongest correlation with log[NO3
-] (Figure 

4.2). In the NO3
- MLR model, the selected predictor variables, with the exception of riparian 
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extent, were significant and accounted for 51.4% of the variance in log[NO3
-] (Table 4.4). In the 

NO3
- SSN model, TWI and NDMI were the only significant predictor variables and the predictors 

explained 36% of variation in log[NO3
-] (Table 4.4).  

 Topographic variables had weak correlations (<0.32) with both stream Na+ and NO3
- 

(Table 4.3). Vegetation predictors generally had much stronger correlations with NO3
- compared 

to Na+, with the exception of shrub cover (Table 4.3). Burn variables had slightly higher 

correlations with NO3
- compared to Na+ (Table 4.3). All predictor variables that were selected 

through linear mixed model selection were weakly correlated with water chemistry (<0.33) (Figure 

C2). The one exception was a strong inverse relationship between mean NDMI and stream NO3
- 

which had a correlation coefficient of -0.67 (Figure C2). 

4.3.3 Stream network controls on Na+ and NO3
- 

 In the Na+ SSN model, a majority of variation (53.1%) in log[Na+] was explained by flow-

connected autocorrelation (Table 4.4). Na+ exhibited strong positive autocorrelation where 

semivariance was low at short lag distances, but increased with distance (Figure 4.3). When flow-

connected autocovariance was modeled with a spherical fit, Na+ had a nugget of 0.001, sill of 

0.029, and range of 3700 m (Figure 4.3). The low nugget suggests that the sampling adequately 

captured variability at small spatial scales and that there is relatively little unexplained variation. 

The low sill reflects the low overall variance in streamwater Na+ concentrations. The range 

indicates that samples that are > 3700 m apart are no longer correlated.  

 In the NO3
- SSN model, flow-connected autocorrelation explained 41.5% of variation in 

log[NO3
-] (Table 4.4). Stream NO3

- had high semivariance across all flow-connected distances, 

though semivariance peaked at intermediate lag distances (1000-5000 m) (Figure 4.3). When flow-
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connected autocovariance was modeled with an exponential fit, NO3
- had a nugget of 0.385, sill of 

0.708, and range of 8800 m which is equal to the maximum sampling distance (Figure 4.3). The 

large nugget and sill values are consistent with the substantial unexplained variance and high 

overall variance in stream NO3
- concentrations. The lowest semivariance in NO3

- is still greater 

than the maximum Na+ semivariance (Figure 4.3).  

 

Figure 4.3: Empirical semivariograms of log-transformed stream Na+ (blue) and NO3
- (red) based 

on the flow-connected distance between sampling points. Symbol sizes are proportional to the 
number of data pairs included in each bin. The grey shaded region represents the 95% confidence 
interval from a local polynomial regression of each semivariogram. Semivariograms show 
evidence of strong positive autocorrelation in Na+ (blue) and weak spatial autocorrelation in NO3

- 
(red).  
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4.3.4 Statistical model performance 

 The SSN model improved Na+ predictions relative to the MLR model, as indicated by 

lower AIC and RMSPE values (Table 4.4). Leave one-out-cross validation demonstrated that SSN 

predictions were closer to observed values (Figure 4.4A) and prediction standard errors were lower 

(Figure 4.4C) in the Na+ SSN model compared to the Na+ MLR model. In the Na+ SSN model, 

predictor variables explained 45% of the variance in log[Na+], flow-connected autocovariance 

explained 53.1% and only 1.9% was left unexplained (Table 4.4).  

 

Figure 4.4: Leave-one-out cross validation to assess A, C) Na+ and B, D) NO3
- model performance. 

A-B) Model predictions are plotted against observed values for both MLR (open triangles) and 
SSN (black circles) models. C-D) Prediction standard error is plotted against relative watershed 
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area, with headwater positions on the left side of the plot and lower watershed positions on the 
right side.  

 The NO3
- SSN model also had a lower AIC value and RMSPE relative to the NO3

- MLR 

model (Table 4.4). SSN predictions were closer to the observed values (Figure 4.4B) and 

prediction standard error was lower (Figure 4.4D) in the NO3
- SSN model than the MLR model. 

In the NO3
- SSN model, predictor variables (36%) and flow-connected autocovariance (41.5%) 

explained a majority of the variation in log[NO3
-], leaving 22.5% unexplained (Table 4.4). Based 

on NO3
- SSN model, 81% of the predicted stream NO3 concentrations that fell within the fire 

perimeter exceeded the pre-fire mean concentrations of 0.18 mg/L (Rhoades et al., 2011, Figure 

C3). 

4.3.5 Longitudinal patterns across two watersheds with inverse burn patterns 

 The two paired watersheds with inverse burn patterns exhibited distinct patterns in stream 

NO3
- concentration. 72% of Brush watershed was burned and most of the burn occurred in the 

upper half of the watershed (Figure 4.5A). Mean NDMI was generally low throughout Brush, but 

was inversely related to burn extent (Figure 4.5C). Stream NO3
- concentrations spanned a 4.6 mg/L 

range throughout Brush Creek. The minimum concentration (0.4 mg/L) occurred at the upper most 

sampling location and the highest observed concentration (5.0 mg/L) occurred nearby within the 

upper watershed (Figure 4.5E). Nitrate generally declined in the lower half of the watershed and 

reached 0.9 mg/L at the lowest sampling location. Conversely, the majority of the burned area in 

Pine Creek occurred in the lower watershed (Figure 4.5B). Burn extent was again inversely related 

to mean catchment NDMI, but NDMI remained relatively high throughout (Figure 4.5D). Pine 

stream NO3
- concentration increased gradually downstream from below detection levels in the 

headwaters to 0.3 mg/L at the outlet (Figure 4.5F). Maximum and mean stream 
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NO3
- concentrations was 14- and 17-times higher in Brush than Pine. The NO3

- SSN model 

predictions agreed with measured stream NO3
- concentrations during the 2019 sampling (Figure 

C4). 

Figure 4.5: Spatial arrangement of burn severity in A) Brush Creek which was 71% burned with 
most high severity fire occurring in the upper watershed and B) Pine Creek which was 59% burned 
with most high severity fire occurring in the lower watershed. Distribution of cumulative upslope 
accumulated area (black solid lines), cumulative burned area (red dashed lines), and mean 
catchment normalized differenced moisture index (NDMI, blue dotted lines) for C) Brush and D) 
Pine. Upstream distance was relativized between 0 and 1 in all plots, with headwaters on the left 
and outlet on the right, to allow for comparisons between watersheds. The vertical grey line 
denotes the mid-point of the watershed. Distribution of relative lateral inputs with upstream 
distance for E) Brush and F) Pine where bars are colored according the mean NDMI of each 
discrete lateral input. Stream NO3

- concentrations predicted from the NO3
- SSN model (black 

circles) are compared for both E) Brush and F) Pine. 
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4.4 Discussion 

4.4.1 Modeling streamwater chemistry in burned watersheds 

 Multiple lines of evidence indicated that stream NO3
- concentrations had greater spatial 

variability and weaker spatial structuring relative to Na+. First, semivariance was greater for stream 

NO3
-  than Na+ across all flow-connected distances (Figure 4.3) which suggests higher variability 

in stream NO3
- concentrations across all measured scales (Isaak et al., 2014). Secondly, the nugget 

effect was orders of magnitude greater for stream NO3
- than Na+ (0.385 and 0.001 respectively) 

which indicates unmeasured fine-scale variability in stream NO3
- concentrations (Cooper et al., 

1997). Finally, Na+ semivariance increased with lag distance and stabilized around 3,700 m (Figure 

4.3). This strong positive autocorrelation indicates that downstream hydrologic transport was the 

primary driver of spatially distributed Na+ concentrations. In contrast, the empirical semivariogram 

for NO3
- exhibited irregular trends in semivariance that did not stabilize across the measured range 

in spatial scales (Figure 4.3).  

 SSN model improvements varied with the solute of concern and network position. For Na+, 

the SSN model reduced the AIC by 61%, RMSPE by 20%, and unexplained variance by 96% 

compared to the MLR model (Table 4.4). In contrast, the NO3
- SSN model only reduced the AIC 

by <1%, the RMSPE by 7%, and the unexplained variance by 54% (Table 4.4). SSN model 

improvements tend to be smaller where spatial autocorrelation is lower (Isaak et al., 2014) such as 

with NO3
- at these sites. Additionally, SSN models improved predictions more in downstream 

positions whereas MLR prediction error was relatively consistent across network positions (Figure 

4.4C-D). Moving downstream, SSN models are informed by an increasing number of upstream 
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data points. Conversely, SSN predictions in headwater locations rely more on watershed attributes 

than upstream data, much like MLR models.  

4.4.2 Post-fire vegetation is a dominant driver of stream NO3
- patterns 

 Large high severity fire has the potential to shift ecosystems from forest to grass and 

shrubland which can have implications for watershed N cycling. Even decades after the Hayman 

and nearby fires, 75% of high severity plots had no conifer regeneration and it is possible that 

forest density will never return to pre-fire levels in these areas (Chambers et al., 2016). Beyond 

these field sites, there is broad evidence of declining post-fire tree regeneration due to increasing 

climate aridity and fire activity which can shift previously forested systems into alternative stable 

states dominated by grassland and weedy, herbaceous vegetation types (Coop et al., 2020; Stevens-

Rumann et al., 2018; Tepley et al., 2017; Walker et al., 2018). Forest cover is often a primary 

mechanism for terrestrial N retention (Dunnette et al., 2014; Vitousek et al., 1979) and changes 

from forest to grass and shrub cover can impact ecosystem N retention (Lovett et al., 2002). For 

example, conifers will more strongly regulate N cycling than grasses and forbs given their 

underlying nutrient use efficiencies (Chapman et al., 2006). Therefore, post-fire watersheds with 

little tree regeneration will likely be leakier with respect to N cycling. 

 Spectral vegetation indices were the strongest predictors of stream NO3
- in this and other 

studies. For example, reduced post-fire plant cover, measured as NDVI, explained the persistence 

of elevated post-fire stream N (Rust et al., 2019). In this study though, the strongest predictor of 

stream NO3
- concentration was mean NDMI (Table 4.3), a vegetation index that considers both 

canopy cover and the water stress of that vegetation. NDMI is more sensitive to burn severity, 

forest type, and forest loss and recovery than NDVI which is broadly sensitive to the amount of 
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photosynthetically active vegetation (Morresi et al., 2019). The strong inverse relationship 

between NDMI and stream NO3
- demonstrates that vegetation cover was a primary control on 

watershed N retention across spatial scales and the loss of forest cover lead to elevated stream 

NO3
-. This is consistent with earlier work demonstrating that stream NO3

- concentrations were 

inversely related to riparian vegetation exposure (Rhoades, Chow, et al., 2019).  

 Rapid in-stream uptake and processing contribute to variability in stream NO3
- 

concentrations (Bernhardt et al., 2003). Nitrate uptake lengths in nearby Wyoming streams ranged 

from hundreds to thousands of meters (Hall et al., 2009), so uptake is likely to influence NO3
- 

patterns across the range of scales in this study (<9,000 m). However, headwater streams with 

elevated ambient inorganic N concentrations have a limited ability to moderate downstream 

transport of inorganic N (Covino et al., 2021b) because nutrient delivery to streams is often orders 

of magnitude greater than in-stream production or removal (Brookshire et al., 2009). Previous 

work at the Hayman Fire demonstrated that in-stream biotic N demand increased after the fire, but 

N supply from burned uplands exceeded the increase in stream N demand (Rhea et al., 2021). 

While in-stream uptake likely contributed to spatial variability in stream NO3
-, this work 

demonstrates strong post-fire vegetation controls on the spatial patterns of stream NO3
- 

concentrations. 

4.4.3 Burned headwaters are susceptible to elevated stream NO3
-  

 Patterns of vegetation cover interact with watershed structure to drive spatial distributions 

of stream NO3
- concentrations. Terrestrial inputs of water and dissolved solutes comprise a large 

portion of streamwater composition in headwater positions, making these areas particularly 

sensitive to disturbance in the surrounding uplands (Gomi et al., 2002; Likens & Bormann, 1974; 
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Lowe & Likens, 2005). Thus, the vegetation cover of large convergent hillslopes should have 

stronger proportional influence on stream NO3
- concentration in headwater positions relative to 

locations lower in the network. I found that convergent hillslopes in the headwaters of Brush Creek 

were associated with low NDMI (Figure 4.5E) and aligned with locations of high stream NO3
- 

(Figure 4.5E). Proportional inflows declined downstream and were associated with higher NDMI. 

Stream NO3
- also declined downstream in Brush Creek, likely due to a combination of reduced 

proportional influence of hillslope inputs, streamflow dilution, and in-stream N uptake. In the 

unburned headwaters of Pine Creek, convergent hillslopes were associated with high NDMI 

(Figure 4.5F) and likely high terrestrial N demand. Stream NO3
- concentrations remained low 

throughout the headwaters with only slight downstream increases where hillslopes were sparsely 

vegetated (Figure 4.5F).  

 This investigation demonstrates that convergent hillslopes in headwater positions are 

particularly sensitive to wildfire-induced vegetation mortality and can impact both local and 

downstream water quality. Headwater attributes have been shown to predict downstream water 

chemistry (i.e., NO3
-, PO4

3-, Ca2+, and Sr2+) at distances > 500 km (French et al., 2020). The 

sampled stream networks were only 5,520 - 8,289 m, so headwater attributes could feasibly 

influence downstream chemistry throughout the entire stream networks. Indeed, the watershed 

with burned headwaters (i.e., Brush), sustained higher stream NO3
- concentrations throughout its 

stream network compared to the watershed with unburned headwaters (i.e., Pine, Figure 4.5E-F). 

These findings may help prioritize post-fire watershed rehabilitation efforts aimed at increasing 

plant cover and nutrient demand to reduce stream NO3
- concentrations. More specifically, these 

findings highlight the potential value for post-fire regeneration in convergent headwater locations 

to enhance N retention and reduce downstream NO3
- export. 
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4.5 Conclusions 

 This study utilized spatially distributed stream solute sampling to identify the controls on 

stream Na+ and NO3
- concentrations across a gradient of burn patterns. Statistical modeling was 

used to partition the variance in stream Na+ and NO3
- among landscape (i.e., topographic, 

vegetation, and fire predictors) and stream network (i.e., flow-connected distance) characteristics. 

Topographic, vegetation, and fire variables were poor predictors of stream Na+ whereas mean 

NDMI was the strongest predictor of stream NO3
-. Strong positive spatial autocorrelation indicated 

that downstream hydrologic transport was the primary driver of spatially distributed Na+ 

concentrations. Conversely, stream NO3
- exhibited high spatial variability and weak spatial 

structure across all spatial scales. These results suggest that complex wildfire patterns that create 

a mosaic of unburned forest interspersed with patches of shrubs and grasses can result in high 

variability in stream NO3
- concentrations. I also found that sparse forest cover in severely burned 

convergent hillslopes in headwater positions had a disproportionate impact on stream NO3
- 

concentrations, suggesting that targeted reforestation in these locations may help limit stream NO3
- 

concentrations and downstream export. 
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5. Conclusions 

5.1 Key findings  

 In chapter 2, I investigated the stream biotic response to wildfire and evaluated the 

potential for stream uptake to attenuate NO3
- losses. I found significant changes in-stream 

nutrient limitation, benthic biomass, and stream metabolism 5 and 15 years after severe wildfire. 

The streams draining burned watersheds had 23-times higher stream NO3
- concentrations which 

led to reduced N-limitation of benthic autotrophs. Burned streams also had 2.5-times greater 

more autotrophic biomass and 20-times higher gross primary productivity than unburned 

streams. While stream N demand was elevated in burned streams, it was not enough to 

substantially attenuate terrestrial N losses. This finding suggests that terrestrial to aquatic 

nutrient supply must be reduced in order to minimize watershed NO3
- export.  

 In chapter 3, I characterized terrestrial N sources by measuring inorganic N in soils, soil 

water, and shallow groundwater along burned and unburned topographic gradients. The goal of 

this research was to determine if post-fire stream NO3
- exports were driven by soil inorganic N 

pools and net transformation rates or post-fire vegetation recovery. My data demonstrate that 

total C and N, inorganic N concentrations, and net N transformation rates were similar in burned 

and unburned mineral soils indicating that there was no long-term increase in post-fire soil N 

supply across any sampled topographic positions. Sustained elevations in N concentration seem 

to be a product of low vegetative demand associated with slow post-fire regeneration.  

 In chapter 4, I utilized statistical modeling to partition the variance in stream Na+ and NO3
- 

among landscape (i.e., topographic, vegetation, and fire predictors) and stream network (i.e., flow-

connected distance) characteristics across a gradient of burn patterns. Stream Na+ was not strongly 

related to any landscape variables, but rather was regulated by downstream hydrologic transport, 
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as indicated by strong positive spatial autocorrelation. In contrast, stream NO3
- exhibited weak 

spatial structuring due to high variability across spatial scales. Mean NDWI was the best predictor 

of stream NO3
- so complex post-fire mosaics of unburned forest interspersed with patches of 

shrubs and grasses likely contribute to spatially variable NO3
- concentrations. For example, the 

highest stream NO3
- concentrations were associated with sparse forest cover in severely burned 

headwaters and convergent hillslopes. These results demonstrate that there are discrete landscape 

features that strongly regulate the spatial distribution of post-fire stream NO3
-.  

5.2 Opportunities for future research 

 This work demonstrates that elevated post-fire NO3
- can persist for decades and is linked 

to slow vegetation recovery. Tree regeneration may take decades to centuries in severely burned 

ponderosa-pine and Douglas-fir forests that do not have nearby surviving trees (Chambers et al., 

2016). If a return to a forested state is desirable in these areas, active management activities, like 

planting, may be required (Chambers et al., 2016). Planting in post-fire landscapes is complex and 

there are a multitude of ecological and social tradeoffs that must be considered (Stevens et al., 

2021) including clustered spacing (North et al., 2019), forest type, aspect, elevation, slope, soils, 

and moisture (Stevens-Rumann & Morgan, 2019). However, my findings identify specific 

landscape features, such as severely burned riparian zones and convergent hillslopes in headwater 

positions, that are likely to strongly regulate stream NO3
- patterns. This is a first step towards 

understanding what post-fire planting strategies are most effective at mitigating lingering post-fire 

NO3
- concerns (Rhoades, Nunes, et al., 2019). However, I recommend experimental work that 

explicitly monitors the effects of targeted plantings on post-fire NO3
-.  

 The degree to which fires modify ecosystem N storage depends on the complex interactions 

between fire severity and landscape location (Smithwick et al., 2009). I began unpacking this 
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relationship in Chapter 4 where I found the position of severe fire within a watershed had unique 

implications for local and downstream NO3
- concentrations. However, statistical modeling 

required singular summary metrics (i.e., watershed mean, extent, etc) for a given sub-watershed, 

limiting the ability to capture the complex spatial distributions of topography and fire within these 

watersheds. One way around this limitation would be the integration of mechanistic, process-based 

modeling. For example, stream NO3
- export could be modeled using spatially-distributed measures 

of watershed structure (i.e., hillslope loading), stream-groundwater exchange, and transport 

velocities (i.e., in-stream uptake) (Bergstrom et al., 2016; Covino et al., 2011; Mallard et al., 2014).  

 There is also a need for studies that link post-fire nutrient responses across lentic and lotic 

ecosystems within freshwater networks. Previous research (French et al., 2020) and my spatially-

distributed sampling have demonstrated that elevated dissolved solute concentrations can persist 

longitudinally throughout headwater stream networks. However, it is unclear how these stream 

signals propagate longitudinally into downstream storage reservoirs. Relatively few studies have 

focused on post-fire N responses in lakes and reservoirs (McCullough et al., 2019; Smith et al., 

2011) which is surprising considering storage reservoirs are a critical component of the water 

supply system in the Western US. There is some evidence of elevated lake N post-fire and it is 

generally assumed that lakes will have similar, or more severe, algal responses to wildfire than 

streams (McCullough et al., 2019) because of long residence times and the accumulation of 

nutrient-rich mineral soil and ash in lake sediments (Bladon et al., 2014; Santos et al., 2015). 

Ultimately, downstream propagation will likely depend on the interaction between wildfire size 

and severity, pre-fire chemical condition, and lake volume and residence time (McCullough et al., 

2019). Given the projected increase in wildfire-impacts on reservoirs of the Western US (Sankey 

et al., 2017), we must better understand potential impacts on municipal water quality.  
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APPENDIX A: Chapter 2 supplemental material 

 

Figure A1: Linear regression between watershed burn extent and mean Chl a concentration 
(p=0.015, R2=0.80). Each point and color is associated with a different study watershed. The green 
colors denote unburned watersheds whereas the orange colors denote burned watersheds. 
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APPENDIX B: Chapter 3 supplemental material 

 
Figure B1: Continuous stage records that were summarized as daily z-scores by station for inter-
site comparison. The correlation coefficient between stream stage and groundwater or hyporheic 
water from a given watershed is denoted in the bottom right of each panel. Brush = B2, Fourmile 
= B1, Gunbarrel = U2, Turkey = U1. 
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Figure B2: Volumetric water content (%) of the top 20 cm of mineral soil by site and burn 
condition. Observations were recorded monthly in 2019 (riparian-midslope, n=18 each) and in 
2020 (upland, n=20). The centerline of the boxplots denote median whereas the open diamond 
denotes the mean, the upper and lower limits span the interquartile range, the whiskers include 
data within 1.5-times the interquartile range, and the dots beyond the whiskers are outliers. Burn 
condition significance is denoted by * p<0.05, ** p<0.01, ***p<0.001. 
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Figure B3: NO3
- concentrations along a downslope flowpath from soil water through riparian 

groundwater and hyporheic water to streams. The centerline of the boxplots denote median values, 
the upper and lower limits span the interquartile range, the whiskers include data within 1.5-times 
the interquartile range, and the dots beyond the whiskers are outliers. 
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Figure B4: Cumulative distribution of valley widths, which are defined as all areas < 4m in 
elevation above the stream, by watershed. The vertical black line at 40 m represents a 
conservative estimate of the minimum width required for riparian buffering.    
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Figure B5: Continuous valley width estimates along watershed mainstems where black bars 
represent widths < 40 m and blue bars > 40 m. Riparian restoration would be most effective in 
continuous wide (>40 m) corridors in headwater positions.  
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APPENDIX C: Chapter 4 supplemental material 

 

 

Figure C1: Water chemistry samples (n=71) were collected in June 2018 and the symbol size at 
each sampling point increases with stream Na+ concentration. 
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Table C1: The top 10 Na+ and NO3
- models from linear mixed model selection. Each row 

represents a different model and the best model has the lowest Akaike’s information criterion 
(AIC) value. If a variable does not have a numeric coefficient and instead is represented by “-“, 
that variable was not included in the model. The best Na+ model included watershed area, mean 
slope, riparian extent, mean TWI, mean tree cover, and mean shrub cover. The best NO3

- model 
included watershed area, riparian extent, mean TWI, and mean NDMI. 

  Intercept 

Watershed 

Area 

Mean 

Slope 

Mean 

Elevation 

Riparian 

Extent 

Mean 

TWI 

Mean 

Tree 

Mean 

Shrub 

Mean 

NDMI 

Burn 

Extent AIC 

Na+ 

Model 

-0.41 0.01 0.09 - 0.08 0.72 -0.02 -0.11 - - -34.7 

-0.23 0.01 0.10 -0.001 0.09 0.99 -0.02 -0.08 - - -34.0 

-0.40 0.01 0.09 - 0.10 0.76 -0.03 -0.11 - -0.002 -33.2 

0.12 - 0.11 -0.001 0.12 1.08 -0.02 -0.06 - - -32.8 

0.23 0.01 0.08 - 0.08 0.69 -0.03 -0.12 1.4 - -32.3 

0.69 0.01 0.10 -0.001 0.10 1.00 -0.03 -0.10 2.0 - -31.9 

-0.28 0.01 0.10 -0.001 0.10 0.98 -0.02 -0.09 - -0.002 -31.8 

1.11 - 0.10 -0.001 0.12 1.10 -0.03 -0.09 2.2 - -30.9 

-0.12 - 0.08 - 0.11 0.64 -0.03 -0.10 - - -30.7 

0.14 - 0.10 -0.001 0.13 1.04 -0.02 -0.07 - -0.002 -30.6 

NO3
- 

Model 

-8.53 -0.04 - - 0.40 1.55 - - -17.9 - 213.1 

-9.50 - - - 0.32 1.81 - - -17.7 - 213.8 

-7.04 - - - - 1.44 - - -16.5 - 214.6 

-8.97 -0.04 - - 0.43 1.76 -0.01 - -15.9 - 214.8 

-10.07 -0.04 - 0.001 0.40 1.50 - - -18.8 - 214.9 

-5.61 -0.05 -0.09 0.002 0.32 - - - -18.0 - 215.0 

-9.30 -0.04 - - 0.42 1.69 - 0.02 -17.8 - 215.0 

-9.50 -0.04 0.01 - 0.41 1.75 - - -18.2 - 215.1 

-8.58 -0.04 - - 0.40 1.56 - - -17.8 0.0004 215.1 

-1.60 -0.04 -0.07 - 0.29 - - - -16.2 - 215.2 
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Figure C2: Pearson correlation matrices of the variables selected to predict stream A) Na+ and 
B) NO3

- during linear mixed model selection. The best Na+ model included watershed area 
(Area), mean slope (Slope), riparian extent (Riparian), mean topographic wetness index (TWI), 
mean tree cover (Tree), and mean shrub cover (Shrub) to predict log-transformed Na+. The best 
NO3

- model included watershed area (Area), riparian extent, mean topographic wetness index, 
and mean normalized differenced moisture index (NDMI) to predict log-transformed NO3

-
. 
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Figure C3: SSN model predictions of log-transformed stream NO3
- overlain on normalized 

differenced moisture index, the top predictor of stream NO3
-.  
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Figure C4: Comparison of observed, log-transformed stream NO3
- concentrations from the 

Brush and Pine sampling in June of 2019 compared to predicted, log-transformed NO3
- 

concentrations from the NO3
- SSN model. Points are colored by burn extent and are plotted 

relative to a black 1:1 line. The R2 between these two data sets was 0.95.  

 
 

 
 
 

 


